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 Determining the influence of habitat configuration and scale on faunal communities is a 
fundamental, yet difficult challenge that underpins landscape, movement, trophic, and 
conservation ecology. My dissertation examined multi-scale seagrass configuration effects on 
estuarine community structure and dynamics. I used a literature synthesis and multiple field-
experiments to ask the overarching research question: How does habitat fragmentation (i.e., 
increasing patchiness with or without decreasing area) affect seagrass faunal community 
structure and predator-prey interactions? I also asked: How do patch-scale edge effects (i.e., 
ecological differences between patch edges and interiors) and fine-scale complexity influence 
seagrass communities, and are they underlying drivers of landscape-scale fragmentation effects? 
To address these questions, I first used quantitative meta-analysis to determine that edge effects 
help explain faunal responses (e.g., density, predation) within fragmented landscapes, yet 
variability in responses to landscape-scale configuration prevents edge effects from unilaterally 
“scaling up” to describe fragmentation effects (Ch 1). Next, I assayed predation rates across 
natural landscapes, and observed that initially higher blue crab (Callinectes sapidus) mortality in 
fragmented landscapes was later surpassed by mortality in continuous landscapes amidst 
increasing temperatures (Ch 2). This "flip" in relative mortality matched spatiotemporal trends in 
faunal densities indicating that faunal usage of habitat configurations can shift seasonally. To 




increasing patchiness without area loss), I constructed dozens of artificial landscapes in the field 
(120-m2 to 234-m2 each), mimicking eelgrass (Zostera marina) with consistent shoot densities. I 
found that total seagrass area more consistently influences faunal densities than patchiness, 
consumption rates along edges increased with area, and faunal diversity was elevated in both 
large-continuous and small-patchy habitats (Ch 3). Further, I found that small and patchy 
habitats support higher bay scallop (Argopecten irradians) survival and density, respectively (Ch 
4). Overall, as natural drivers and anthropogenic disturbances shift seagrass meadows from 
large-continuous to small-patchy configurations, my dissertation suggests that faunal densities 
will decrease with meadow area. However, with some seasonal and taxon-specific variability, 
small and patchy meadows will continue to provide community-stabilizing functions, such as 
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The evaluation of habitat configuration influences on faunal community structure and 
function, across multiple spatial and temporal scales, is one of the most fundamental and 
challenging investigations in ecological study (Preston, 1960; Weins, 1989). Faunal communities 
respond to habitat configuration across a range of structural components including primary 
habitat area, patch number, size, and isolation, perimeter-to-area ratio, biogenic complexity, and 
matrix attributes. Seminal ecological theories, such as island biogeography (MacArthur and 
Wilson, 1967), the single large or several small (SLOSS) reserve debate (Diamond, 1975), and 
metapopulation dynamics (Hanski, 1998) have built our foundational understanding of how 
faunal community structure and dynamics are independently and interactively influenced by 
multiple aspects of habitat configuration, namely habitat area and patch number. Investigations 
of biotic responses to these components have become increasingly important as habitat 
degradation (often in the form of increasing patchiness) and area loss have been identified as 
leading causes of ongoing global defaunation across terrestrial and aquatic biomes (McCauley et 
al., 2015). As such, the advent of fragmentation theory (evolved from the theories mentioned 
above) has offered a further mechanistic framework for exploration of faunal responses to 
primary habitat conversion to matrix habitat (Laurance, 2008), by natural drivers and 
anthropogenic disturbances (Saunders et al., 1991; Haddad et al., 2015).  
Habitat fragmentation is an aggregate process by which continuous habitat is divided into 
more numerous, smaller, and isolated patches, often coupled with overall loss of habitat area 




occurring across, multiple primary habitat patches and matrix habitat, its influences on faunal 
communities are most appropriately studied at the landscape-scale (McGarigal and Cushman, 
2002). However, because multiple landscape-scale structural components are altered 
simultaneously by fragmentation, such as increasing habitat patchiness with decreasing total 
habitat area, proximate and ultimate drivers of fragmentation effects on biotic responses can be 
difficult to parse in natural systems. In general, overall habitat loss has been indicated as a major 
driver of faunal biodiversity loss (Dirzo and Raven, 2003; Fahrig, 2013; Haddad et al., 2015). 
Yet, faunal responses to fragmentation per se, or increasing habitat patchiness independent of 
area loss, are often thought to be weak and context dependent (Fahrig, 2003). Further, when 
significant fragmentation per se effects are observed, both negative and positive influences on 
species richness, faunal density, and interspecies interactions (e.g., predation, parasitism, 
competition) are common (Fahrig, 2017). Therefore, examinations of the independent and 
interactive effects of habitat area and patchiness on biotic responses have recently come to the 
forefront of landscape ecology research (Fletcher et al., 2018; Fahrig et al., 2019).  
 Although fragmentation is most holistically characterized by habitat pattern alterations at 
the landscape-scale, additional structural changes typical in fragmentation can occur and be 
described at patch- and fine-scales nested within landscapes (e.g., patch size, patch shape, 
biogenic structural complexity). As natural landscapes become patchier, more patch edges are 
created and patch interiors are reduced, which results in an overall increase in habitat edge-to-
area ratio (i.e., perimeter-to-area ratio; Fahrig, 2003). Therefore, patch-scale edge effects, which 
are defined by ecological, biological, or physical differences over a gradient from patch edges to 
interiors, may in part explain landscape-scale fragmentation effects on faunal responses (Ries et 




consequences for faunal communities, such as increased faunal densities along habitat interfaces, 
which in turn may increase predation along habitat patch edges (reviewed by Paton, 1994; 
Boström et al., 2011; Mahoney et al., 2018). In addition, gradients in fine-scale habitat 
complexity also have the potential to influence faunal communities, independently from, or as a 
component of, patch-scale edge effects or landscape-scale fragmentation (Harper et al., 2005; 
Borg et al., 2005; Moore and Hovel, 2010). Increases in fine-scale complexity can increase 
microhabitats for fauna (Cunha et al., 2012; Yeager et al., 2016) and decrease incidents of 
predation by providing refugia (Norbury and Overmeire, 2019). However, it is unclear if 
biogenic complexity influences faunal communities in a predictable manner across larger scales 
(Worthington et al., 1992; Kovalenko et al., 2012). Further, there remains need for examination 
of whether patch-scale edge effects and fine-scale complexity underpin landscape-scale 
fragmentation effects on faunal communities, or if these habitat configuration influences are 
scale-dependent, interactive, offsetting, or synergistic.  
Seagrass meadows within coastal marine and estuarine ecosystems provide a useful, well-
studied model system for the examination of faunal community responses to habitat 
configuration across multiple spatial scales (reviewed by Boström et al., 2006). Seagrasses are 
widely distributed from temperate to tropical coastal zones (Orth et al., 2006), and naturally 
occur in a wide variety of species compositions, shapes, and orientations. Further, they serve as 
critical nursery habitats for fishes and invertebrates through the provision of foraging habitat and 
predation refugia (Orth, 1992, Heck et al., 2003). However, seagrasses have experienced 29% 
global declines since the late 1800s (Waycott et al., 2009) due to a variety of natural (Townsend 
and Fonseca 1998; Ramage and Schiel 1999) and anthropogenic disturbances (Thrush and 




2006). Further insight into seagrass-associated faunal community structure (e.g., density, 
diversity) and dynamics (e.g., predation) across landscape configurations, patch edge to interior 
gradients, and variable fine-scale complexity, will allow for better predictions of future estuarine 
ecosystem dynamics as seagrass meadows likely continue to fragment over time.  
In this dissertation, I asked the overarching research question: How does landscape-scale 
habitat fragmentation affect seagrass faunal community structure and predator-prey interactions? 
Secondarily, I asked: How do patch-scale edge effects and fine-scale complexity influence 
seagrass communities, and are they underlying mechanistic drivers of landscape-scale 
fragmentation effects? I examined estuarine faunal densities, settlement rates, species richness, 
diversity, and predation or consumption rates across seagrass landscapes of varying size and 
degrees of fragmentation, as well as edge effects and complexity gradients, using literature 
synthesis, field-based observation, and multiple large-scale manipulative field experiments. In 
Chapter 1, I conducted a quantitative meta-analysis of peer-reviewed literature to determine if 
patch-scale edge effects explain seagrass community patterns observed in fragmented 
landscapes. Conceptually, this may be reasonable because fragmented habitats typically have a 
greater proportion of edge than continuous habitats. Overall, several similarities in effect sizes 
suggest that edge effects help explain fragmentation effects in seagrass, however additional 
variability in biotic responses at landscape-scales, warrants caution in unilaterally “scaling up” 
edge effects to describe fragmentation effects. In Chapter 2, I used predation assays and surveys 
of faunal community densities across natural seagrass patch edges and interiors within 
continuous and fragmented landscapes to determine that juvenile blue crab (Callinectes sapidus) 
predation mortality was not influenced by edge effects, yet fragmentation effects can vary 




temperature. Yet initially lower mortality in continuous landscapes more than doubled amidst 
temperature increases, ultimately surpassing mortality rates in fragmented landscapes. This “flip” 
in relative mortality rates matched spatiotemporal trends in faunal densities indicating that faunal 
utilization of habitat configurations for foraging can vary seasonally. In Chapter 3 and 4, to 
examine the independent and interactive effects of major fragmentation components (i.e., habitat 
area, fragmentation per se), I constructed dozens of artificial seagrass landscapes in the field, 
mimicking monocultures of eelgrass (Zostera marina) with consistent shoot densities. For 
Chapter 3, landscapes (234-m2 footprint each) were designed along orthogonal axes of area and 
fragmentation per se to find that area more consistently positively influenced faunal densities 
than patchiness, consumption rates along edges increased with habitat area, yet there was an 
interactive effect on diversity (i.e., higher diversity in both large-continuous and small-patchy 
landscapes). In Chapter 4, predation assays were conducted across a subset of these landscapes to 
find that bay scallop (Argopecten irradians) survival rates at patch edges were elevated in 
landscapes of low cover and more continuous configurations, which included small and isolated 
patches. Also, in Chapter 4, artificial landscapes (120-m2 footprint each) of four replicated 
treatments of fragmentation per se (same total habitat area) were constructed to find that bay 
scallop densities are not consistently influenced by fragmentation per se yet may in some cases 
be best supported within the central patches of multi-patch landscapes.  
As a whole, this dissertation research provides important insight as to the proximate and 
ultimate drivers of fragmentation effects, as well as their influences on seagrass faunal 
community structure and dynamics. Holistically, fragmentation effects on faunal densities and 
predation rates, may be seasonally variable or taxon-specific. However, habitat area loss is likely 




offset habitat loss effects on faunal communities by maintaining faunal diversity, survival, and 
densities of some species through increased ecological-niche availability or by serving as refugia 
from predators that prefer landscapes with more habitat area. This dissertation also clarifies how 
patch-scale and fine-scale influences may or may not underpin landscape-scale fragmentation 
effects. Indeed, my meta-analysis suggests that responses to edge effects may help explain 
fragmentation effects on faunal densities and predation. However, these responses exhibit more 
variability at the landscape-scale indicating that edge effects explain only a portion of 
fragmentation influences on fauna. My observations in natural seagrass further illustrated that 
even when edge and fragmentation are examined simultaneously, they should not be assumed 
functionally equivalent, as I found seasonally variable fragmentation effects, yet no edge effects, 
on predation. Indeed, fragmentation effects incorporate a suite of landscape-scale variables in 
addition to edge effects, such as patch number, mean size, mean isolation, and matrix effects, 
which are likely sources of variation in overall faunal community responses. Additionally, 
although fine-scale complexity independently influenced settlement rates, these patterns were not 
evident drivers of juvenile and adult community responses to landscape fragmentation. However, 
seagrass shoot densities are often lower at patch edges relative to interiors, indicating that 
complexity may be an important covariate in patch-scale edge effect studies.  
Finally, perhaps most importantly, my dissertation highlights nuances between faunal 
community responses to landscape fragmentation as a whole, versus its major components, 
habitat area loss and fragmentation per se. Further my work suggests how these distinctions may 
be applied to habitat conservation and the preservation of estuarine communities. When 
examined across studies including a variety of localities, taxa, and survey or manipulative 




faunal densities and predation rates are highly variable, potentially due to seasonality influences 
and the pooling of diverse taxa with variable mobility, tolerance of matrix habitat, or predation 
strategies. This suggests that habitat fragmentation effects may be a highly inconsistent predictor 
of seagrass faunal community responses (Boström et al., 2006), yet may be more indicative of 
responses of taxa or guilds with consistent traits (Yeager et al., 2016). However, when habitat 
area and fragmentation per se influences are parsed (Ch 3 and 4), the ultimate drivers of overall 
faunal community responses to habitat configuration become clearer. My dissertation provides 
evidence supporting a vast array of studies across ecosystems indicating that habitat loss has 
important negative impacts on faunal communities (Dirzo and Raven, 2003; Fahrig, 2013). 
Therefore, it is likely that as seagrass meadows continue to experience climate change and 
anthropogenic disturbance induced area loss (Orth et al., 2006; Waycott et al., 2009), estuarine 
faunal densities may decline in these habitats (McCauley et al., 2015). Alternatively, this 
research lends support to emerging hypotheses that suggest fragmentation per se often appears to 
have complex or mixed influences on faunal communities (Fahrig, 2017), in this case by having 
no strong influence on faunal densities yet increasing species diversity in small seagrass 
landscapes. As such, habitat conservation, restoration, and recovery efforts, which often give 
primary focus to maintaining or increasing seagrass area (Orth et al., 2006), should not discount 
the utility of protecting and restoring small and patchy landscapes. Although small landscapes 
may be less densely occupied by fauna, patchy landscapes of all sizes perform essential 
community-stabilizing roles needed to maintain estuarine nursery functions and ecosystem 
biodiversity. In summation, this dissertation provides a framework for parsing the proximate and 
ultimate drivers of fragmentation effects and further clarifies how faunal communities respond to 
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CHAPTER 1: COMPARING EDGE AND FRAGMENTATION EFFECTS WITHIN 
SEAGRASS COMMUNITIES: A META-ANALYSIS 
 
Introduction 
Examining patterns and mechanisms at relevant spatial scales is one of the most difficult 
challenges of ecological study (Wiens, 1989; Levin, 1992). Out of logistical necessity, many 
studies operate at experimentally feasible scales, then implicitly or explicitly extrapolate findings 
to predict dynamics at other, often larger, or more spatially complex scales (McGarigal and 
Cushman, 2002; Morales and Ellner, 2002; Steel and Forrester, 2005). However, ecological 
dynamics generally do not translate across scales easily (Case and Gilpin, 1990; Martinson and 
Fagan, 2014; Fahrig, 2017). Patterns and processes regulated by habitat spatial arrangement have 
been studied extensively at multiple scales: from micro (<1m) through global. At the ambit of 
individual organisms, much effort has focused on habitat arrangement effects on faunal 
communities at two nested scales: patch and landscape scales. Patch-scale studies are concerned 
with variables that can be defined within a single patch (e.g., patch size, patch perimeter length, 
gradients from patch edges to interiors), while landscape-scale studies are concerned with 
variables that account for across-patch dynamics (e.g., number of patches, nearest neighbor 
distance, matrix effects) (McGarigal and Cushman, 2002; Fahrig, 2013, 2017). Therefore, the 
landscape-scale incorporates patch-scale variables – nested within landscapes – along with 
additional habitat arrangement variables. Across systems, patch and landscape studies cannot be 
operationally defined by any absolute scale (e.g., m2, km2, ha), since their sizes can vary 




Patch-scale studies have often focused on edge effects by examining a gradient of 
physical, biological, or ecological conditions spanning the habitat-matrix interface to the center 
of the habitat patch (Ries et al., 2004) (Fig. 1.1a). Patch-scale influences have in turn been 
invoked as a major driver of fragmentation effects, which are studied at a landscape-scale. 
Fragmentation describes the degree to which a continuous habitat is divided into more numerous, 
smaller patches, potentially concomitant with overall habitat loss or increases in inter-habitat 
matrix (Fahrig, 2003) (Fig. 1.1b). Although edge effects are spatially nested within 
fragmentation effects and have different methodologies of assessment, the two concepts have 
often been synonymized since the coining of the term "edge effects" by Leopold (1933) to 
describe increases in game species in "patchy" (i.e., fragmented) landscapes. The extrapolation, 
or “scaling-up”, of edge effects to the landscape-scale may appear reasonable, because as 
landscapes shift from continuous to fragmented configurations (Fig. 1.1b), more patch edges are 
created and patch interiors are reduced by the process of fragmentation, which increases the 
habitat perimeter-to-area ratio (P:A; Fig. 1.1c) (Farhig, 2003). Within large landscapes, 
representative on-the-ground sampling within and among plots or transects that extend 10s-100s 
of meters is difficult due to limited time or resources needed to obtain high replication for 
statistical power. In response, synthesis studies (Ries et al., 2004; Laurance, 2008) have 
suggested that as a practical matter, edge effects – for which it is easier to design replicated field 
sampling regimes – can be used to explain landscape-scale fragmentation dynamics. However, 
the additional variables and dynamics relevant at the landscape-scale that describe the spatial 
positioning and configuration of habitat, such as patch number, isolation, and matrix effects, may 
exert equal or greater influence than edge effects alone, perhaps suggesting that edge and 




responses to habitat arrangement at any single scale can be complex, evidence that responses 
from related, yet distinct and scale-dependent drivers, will translate from one nested scale to the 
next remains equivocal (Fahrig, 2017; Fletcher et al., 2018; Fahrig et al., 2019).  
Although habitat patch and landscape shapes can be natural, in many ecosystems that 
have been encroached on by humans, edge effects and fragmentation effects increase with habitat 
degradation as spatial properties of the habitat are altered, such as P:A. Habitat degradation could 
also directly affect the quality of the habitats by decreasing the structural complexity of the 
environment. Edge effects can manifest as shifts in the biogenic complexity of habitat (Harper et 
al., 2005; Moore and Hovel, 2010), altered faunal community structure (Boström et al., 2006; 
2011), increased predation rates (reviewed in Mahoney et al., 2018), reduced population 
persistence (Woodroffe and Ginsberg, 1998), and decreased ecosystem functionality (Haddad et 
al., 2015). Fragmented landscapes in some cases have achieved that state through human 
destruction, therefore, relative to more continuous landscapes (of similar total area), may be of 
poorer habitat quality for fauna. Many field-based and simulation studies have implied that high 
degrees of habitat fragmentation can have important and often negative consequences for faunal 
densities (Boström et al., 2011), trophic dynamics (Haddad et al., 2015), species diversity and 
richness (Yeager et al. 2016), and extinction proneness (Laurance, 2008) across multiple biomes.  
I used seagrass meadows as a model system to conduct a quantitative meta-analysis 
examining edge effects and fragmentation effects on seagrass shoot density (a proxy for biogenic 
complexity), faunal densities, and prey survival (which is indicative of predation strength). I was 
particularly interested in whether edge and fragmentation had similar effects in direction and 
magnitude, such that I could conclude whether patch-scale edge effects could be extrapolated to 




faunal response metrics represent key structural and functional components of community 
ecology and are therefore commonly studied variables across marine (reviewed by Connolly and 
Hindell, 2006; Boström et al., 2006, 2011) and terrestrial systems (Ries et al., 2004; Haddad et 
al., 2015). Shifts in relative biogenic complexity can occur from patch edges to interiors (Harper 
et al., 2005; Moore and Hovel, 2010) and perhaps by extension across landscape habitat 
arrangements (Worthington et al., 1992; Byers et al., 2017). In turn, habitat complexity is 
important for understanding faunal responses to edge and fragmentation effects (Matilla et al., 
2008; Hovel et al., In press). Therefore, the collective examination of these response metrics may 
elucidate mechanisms driving complex and variable patterns, ecological processes, and 
community responses to biogenic habitat arrangement. To further contextualize my findings, I 
also examined (1) the magnitude of variability in biotic responses caused by edge and 
fragmentation effects across studies, and (2) whether gradients in seagrass shoot density 
correlated with faunal responses across edge and fragmentation effect studies. 
 
Methods 
Literature search and meta-analysis inclusion criteria 
I conducted a search using the Institute of Science Information's (ISI) Web of Science, 
(last accessed on January 8, 2019) to gather primary peer-reviewed literature examining edge 
effects and fragmentation effects on habitat biogenic complexity, faunal densities, and predation 
in seagrass ecosystems. Search terms included 1) seagrass AND 2) edge effects OR 
fragmentation effects AND 3) density OR predation OR survival OR mortality OR trophic 
interactions. I supplemented this database with articles that were previously known to me. All 




1) The study was an original experiment in a mesocosm or natural setting providing edge effect 
data (i.e., responses in patch edges vs. interiors) or fragmentation effect data (i.e., responses in 
fragmented vs. continuous landscapes) for one or more of my response metrics of interest in 
extractable form (i.e., table, figure, or text). Response metrics were natural seagrass shoot 
density, faunal density, and predation survival/mortality. Shoot density data was only extracted 
from studies that also examined faunal response metrics, as I was primarily interested in 
examining faunal-habitat relationships in the context of proximate (e.g., shoot density) and 
ultimate (e.g., edge, fragmentation) drivers. Prey survival analyses included data expressed as, or 
converted to, proportion survival or survival time (e.g., hours to consumption). Only survival 
data from experimental treatments with completely uninhibited predator exposure where 
included. 2) The response metric(s) included the mean, sample size, and either standard error 
(SE), standard deviation (SD), or confidence interval (CI). 3) Levels of edge effects (e.g., edge, 
interior) and fragmentation (e.g., fragmented, continuous) were typically expressed as categorical 
variables. In these instances, I accepted the operational definitions used by these studies, but also 
included available meta-data such as edge/interior widths and distances, and fragmentation 
degree in my database to illustrate the range of definitions used across studies. All included 
studies examined fragmentation as a state (i.e., landscape habitat arrangement), rather than an 
active process (i.e., changing habitat arrangement through time). Some studies expressed 
fragmentation as a continuous variable (e.g., P:A), and this was easily separable into continuous 
and fragmented categorical levels using natural breaks in reported values. For studies that 
included more than two categorical/discrete levels of edge (e.g., incremental distances from the 
patch interface to center) or fragmentation (e.g., continuous, patchy, very patchy), only the most 




edge and center; the most continuous and most fragmented landscape classifications). Data 
presented as figures were extracted using DataThief III software (Tummers, 2006).  
My literature search yielded 38 publications that met my criteria (Appendix 1: Table 
A1.1), consisting of 22 studies examining edge effects and 19 examining fragmentation effects, 
with 3 examining both (Appendix 1: Table A1.2). Articles were geographically biased towards 
North America (n = 23), followed by the Asia-Pacific region (n = 10), and Europe (n = 5). 
Articles were also biased toward temperate zones (n = 24), followed by subtropical (n = 13), and 
tropical zones (n = 1). Faunal density, measured as number of individuals per unit area or catch 
per unit effort (hereafter collectively referred to as 'density'), was reported in 82% (n = 31) of 
studies, while 37% (n = 14) provided data on prey survival or mortality. Most (71%, n = 27) 
studies conducted experiments entirely in natural seagrass (as opposed to artificial), and 67% (n 
= 18) of those studies provided data on shoot density as a biogenic complexity covariate. Most 
edge effect studies defined edges similarly (0-2 m from the interface) while interior definitions 
included a wider range of distances (2-60 m from the interface) or simply defined the interior as 
the center of a patch (Appendix 1: Table A1.2). Edge effect studies also included a wide range of 
patch sizes for natural seagrass (40-m2 to 60980-m2) and a small range for artificial seagrass 
(0.0625-m2 to 17-m2). Fragmentation studies included a wide range of landscape sizes for natural 
seagrass (100-m2 to 0.6-km2) and a small range for artificial seagrass (0.0625-m2 to 9-m2) 
(Appendix 1: Table A1.2). Fragmentation studies that used small artificial seagrass landscapes 
examined responses of small invertebrates, such as epifauna, which likely operate on spatial 
scales matching the extent of the experimental scale (Kotliar and Wiens, 1990; Arponen and 
Boström, 2012). Furthermore, most studies included justification for their edge/interior 




patches/landscapes available in their system, feasible replicate plot areas) or target taxa (i.e., 
ambit of faunal perception/habitat utilization).  
Calculating Log Response Ratios 
To quantify edge and fragmentation effects across studies, I calculated natural log 
response ratios (LRRs) using methods described by Hedges et al. (1999) within the R computing 
environment (v. 4.0.3; R Core Team 2020). Experimental log response ratios (LRRi) were  
 𝑙 𝑛 (
?̅?𝑒
?̅?𝑖
)  or  𝑙 𝑛 (
?̅?𝑓
?̅?𝑐
) (Eq. 1) 
the ratio of the mean response in patch edges (X̅e) or fragmented landscapes (X̅f) over the mean 
response in patch interiors (X̅i) or continuous landscapes (X̅c), respectively. A positive LRRi value 
indicates a relative increase in response metric within edge or fragmented habitats versus interior 
or continuous habitats, respectively. Conversely, a negative LRRi value indicates the relative 
decrease in response metric within edge or fragmented habitats versus interior or continuous 
habitats, respectively (Martinson and Fagan, 2014).  
My database included a total sample size (k) of 204 unique comparisons (LRRi) across the 
38 published studies. To quantitatively address potential issues of non-independence among 
samples within studies, I pooled non-independent measurements (i.e., non-independent time or 
spatial replicates) using the methods described by Hedges et al. (1999; Appendix 1: Equations 2-
3). To test for significant differences in biotic response metrics between edge and fragmentation 
effect studies (i.e., study type), I used mixed effect (ME) models (sensu Hughes et al., 2004) with 
the rma.mv function from the metafor package in R (Viechtbauer, 2010). For each biotic 
response metric in an ME model, LRRi was the response variable and study type (i.e., edge or 
fragmentation effect) was the fixed effect. Within- and among-experiment variance were 




and study identity random intercept, respectively. In addition, for each biotic response metric, I 
performed a random effect (RE) model on each study type, separately, to determine whether the 
LRR of the edge or fragmentation effects differed from zero. I obtained the mean LRR and 95% 
CI from RE models, which included vi and a study identity random intercept using the rma.mv 
function (metafor; Viechtbauer, 2010).  
Faunal density LRRs were examined in several taxa/guilds: total faunal density, fish 
density, and invertebrate density. A few studies identified guilds (k = 5), such as "nekton" or 
"mesopredators", which could not be divided into fish or invertebrates but were included in total 
faunal density. In addition, total invertebrate density was further subdivided into blue crab 
(Callinectes sapidus) density and invertebrate density, excluding blue crabs (e.g., epifauna, 
meiofauna, infauna, zooplankton, gastropods, bivalves) due to extreme differences in body size 
and mobility between blue crabs and all other invertebrates. Blue crab LRRi sample sizes were 
low (k = 6 for fragmentation effects, k = 3 for edge effects) and therefore should be interpreted 
cautiously. These guild groupings were used to resolve potential differences in faunal ambit 
driven by life history, body size, and mobility that determine the grain and extent of habitat 
heterogeneity to which an animal can respond (Kotliar and Wiens, 1990; Boström et al., 2006).  
To explore the role of several commonly reported study descriptors (i.e., seagrass species, 
natural vs. artificial seagrass, global region, taxa/guild), I included them as fixed factors (where 
applicable) in additional ME models of LRR for edge and fragmentation effect studies (rma.mv 
function, metafor; Viechtbauer, 2010). Studies did not provide a uniform or comparable dataset 
of operational habitat arrangement definitions (i.e., edge/interior distances, fragmentation 
degree), and therefore these descriptors were not included as fixed factors in ME models. I was 




heterogeneity in LRRs (i.e., tighten the CIs) as compared to the RE models (examined 
descriptors and ME models are further described in Appendix S2). A comparison of the LRRs 
and CIs estimated by each of the RE and ME models is included as supplementary material 
(Appendix 1: Fig. A1.1). My results were highly robust to the LRR estimation method used (i.e., 
RE model, ME model). For simplicity, I present the RE models, a uniformly comparable set of 
easily interpretable models, which does not include a mixture of RE and ME model estimated 
LRRs (Viechtbauer, 2010; 2020). I focus my results and discussion on 14 weighted mean LRRs: 
shoot density, five faunal guild density groupings, and invertebrate prey survival in the context 
of both edge and fragmentation effects. One additional LRR for edge effects on prey survival, 
which includes both fish and invertebrate species, is also presented in Appendix 1 (Table A1.3). 
This is only included as a supplemental analysis because there is no analogous comparison with 
the fragmentation studies, because none examined fish survival.  
To compare the magnitude of heterogeneity in biotic responses caused by edge and 
fragmentation effects, for each response metric in the RE models, I compared restricted 
maximum-likelihood estimated, tau-squared (τ2), for the two types of studies. τ2 is the common 
metric used in meta-analysis to describe the amount of variance among observed effects in 
different studies (i.e., between-study variance) and therefore is used to reflect the variance or 
heterogeneity of the "true" effect size (Borenstein et al., 2009). (In contrast CIs of the RE models 
indicate, with 95% certainty, that the "true" effect size falls within the interval.) For each 
examined response metric, the τ2 for edge effects and fragmentation effects were directly 
compared to one another to determine whether edge or fragmentation effect studies had similar 




Biogenic complexity as a potential correlate of edge or fragmentation effects on fauna 
Biogenic structural complexity may be an important correlate to consider in the 
evaluation of faunal responses to habitat arrangement (Worthington et al., 1992). Therefore, for 
15 studies which provided paired taxa specific (i.e., fish, invertebrate) faunal response and 
seagrass shoot density measurements, I used Pearson pairwise correlation to examine the 
relationships between shoot density and each of fish density, invertebrate density, and 
invertebrate prey survival to determine if biogenic complexity explained any of these response 
metrics. Correlation analyses were separated by edge and fragmentation effect study types to 
preserve inherent sampling differences (i.e., edge and interior samples, haphazard sampling 
across continuous and fragmented landscapes). Sample sizes for each correlation analysis were 
determined by the number of paired shoot density (i.e., cores, quadrats) and faunal response 
(e.g., core, quadrat, net tow, visual survey, predation assay, etc.) measurements. I compared 
standardized (no. m-2) and log transformed shoot densities (log10 shoots m
-2) to each of fish and 
invertebrate densities (log10 no. m
-2) for both edge and fragmentation effect studies. Invertebrate 
prey survival was typically reported differently in edge and fragmentation effect studies; thus, I 
analyzed the most commonly reported metric for each study type. Specifically, I correlated shoot 
density against survival time (log10 mins) in edge effect studies, and against proportion survival 
(arcsine square-root transformed) in fragmentation effect studies.  
 
Results  
Seagrass shoot density was 19% greater in patch interiors than edges (percentages are 
back-transformed LRRs; RE model-estimated LRRs and CIs are given in Appendix 1: Table 




(Fig. 1.2). Furthermore, mean LRRs for edge and fragmentation effects on shoot densities were 
not significantly different (QM = 1.307, DF = 1, P = 0.253). Despite this shift in biogenic 
structure across habitat patches and landscapes, neither edge nor fragmentation effects strongly 
affected total faunal density (Fig. 1.2), however mean effect sizes of edge and fragmentation 
were statistically different from one another (QM = 109.789, DF = 1, P <0.0001). Total faunal 
density trended 14% higher in patch edges and 5% higher in fragmented landscapes, despite the 
relative decrease in seagrass shoot density in these same habitat contexts (Fig. 1.2).  
Total faunal density response was heavily influenced by the strong response of fish, 
which had similar (QM = 0.446, DF = 1, P = 0.504) and significant (from zero) mean responses 
to edge and fragmentation effects: fish density increased by 48% in patch edges (versus interiors) 
and 111% in fragmented (versus continuous) landscapes. In contrast, total invertebrate density, 
did not clearly differ from a mean LRR of zero in either edge or fragmentation studies, yet mean 
responses to edge and fragmentation effects statistically differed from each other (QM = 122.167, 
DF = 1, P <0.0001). Invertebrate density effect sizes trended 18% higher in patch edges, yet 
25% lower in fragmented landscapes (Fig. 1.2). The mean LRRs for edge and fragmentation 
effects on blue crab density did not statistically differ for each other (QM = 0.061, DF = 1, P = 
0.805). Although sample sizes (k) were low, leading to high variability, blue crab densities 
responded in the opposite direction of other invertebrates (i.e., invertebrate density excluding 
blue crabs). Blue crab densities trended 18% higher in patch interiors and were statistically 
significantly (61%) higher in continuous landscapes. All other, smaller and less mobile, 
invertebrates (i.e., invertebrate density excluding blue crabs) were affected similarly in direction 
for edge and fragmentation effects, although the response was significantly stronger for edge 




Finally, invertebrate prey survival was not consistently influenced by either edge or 
fragmentation effects relative to a LRR of zero. Invertebrate prey survival effect sizes were also 
not statistically different from each other (QM = 0.057, DF = 1, P = 0.811): trending 34% lower 
in patch edges and 26% lower in fragmented landscapes (Fig. 1.2). Three edge effect studies 
examined fish prey survival (k = 7). When fish were included in the edge effect LRR, similar 
results were observed with 27% lower prey survival in patch edges (Appendix 1: Table A1.3).  
Fish density responses in two edge effect studies were negatively correlated to seagrass 
shoot density (r = -0.489, DF = 20, P = 0.021). Only one fragmentation study provided (two) 
paired measurements of fish and shoot density, so no correlation analysis could be performed for 
these data. By contrast, patterns in invertebrate density are not well explained by shoot density in 
either four edge effect studies (r = -0.083, DF = 52, P = 0.553) or four fragmentation effect 
studies (r = -0.033, DF = 33, P = 0.851). Likewise, no strong correlation was seen between 
invertebrate prey survival and shoot density in two edge effect studies (r = -0.096, DF = 8, P = 
0.792) or six fragmentation effect studies (r = 0.310, DF = 26, P = 0.108). 
 A direct comparison of the τ2 of the mean LRR for each response metric (Fig. 1.3) 
revealed that responses to fragmentation effects were consistently more variable than responses 
to edge effects. Although interpreted cautiously because sample sizes (k) were low, blue crab 
density had the largest disparity between τ2 (Fig. 1.3), with fragmentation effects yielding >10-
times more variability than edge effects. Similarly, fragmentation effects on shoot density 
yielded a τ2 >4-times that of edge effects. Fragmentation effects on most other response metrics 
had a τ2 ≥2-times those of the corresponding responses to edge effects. One notable exception is 
that of the response of invertebrate density excluding blue crabs, which had >2-times more 





Patterns within seagrass ecosystems reveal several important considerations regarding the 
extrapolation of ecological findings from patch to landscape scales to explain faunal community 
structure and interactions. Across most response metrics, it did appear that an understanding of 
edge effects can be useful in predicting community patterns and interactions in fragmented 
landscapes. This suggests similarity in how fauna respond to edge and fragmentation effects and 
that relative edge amount may be an influential driver across nested habitat arrangement scales 
for seagrass communities. Indeed, edge and fragmentation effects had relatively similar, often 
small in magnitude (relative to observed variability), impacts on seagrass structure, mobile fauna 
densities (i.e., fishes and blue crabs), and prey survival. However, less-mobile invertebrates (i.e., 
invertebrates excluding blue crabs) responded more positively and consistently to edge than 
fragmentation effects. Moreover, patterns of variability distinguished patch- and landscape-
scales, as fragmentation effects on biotic responses consistently (with one exception) exhibited 
much greater variability (τ2) in "true" effect sizes than did edge effects (Fig. 1.3). I infer that 
edge effects are likely a core component of overall fragmentation dynamics, but additional inter-
patch variables (e.g., matrix arrangement, patch number, size, and isolation) inherent in 
fragmented landscapes, generate additional variability in landscape-scale studies (Laurance, 
2008; Haddad et al., 2015; Yeager et al., 2016; Fahrig, 2017). 
Both edge and fragmentation effects on invertebrate prey survival (hereafter "prey 
survival") produced mean LRRs with large zero-overlapping CIs, indicating that across systems, 
habitat arrangement influences on predation are highly variable. This is in part due to a lack of 
predator identification across studies, likely resulting in the pooling of a wide range of predation 




(Fig. 1.2), perhaps suggesting that certain predation strategies are scale-invariant within seagrass 
systems. At the patch scale, prey survival tended to be lower in edges than interiors lending some 
support to a hypothesis that predators patrol patch edges in search of prey (Carroll et al., 2012; 
Mahoney et al. 2018). Similarly, I found potentially lower prey survival rates in fragmented than 
in continuous landscapes (Fig. 1.2). This supports the hypothesis that fragmented landscapes 
exhibit higher predation rates due to predator usage of matrix corridors to facilitate the patrolling 
of edges and movement among patches (Hovel and Lipcius, 2002). Additionally, along patch 
edges and within fragmented landscapes, lower shoot densities and often higher faunal densities 
are found, although in most cases not significant from zero (except fish; Fig. 1.2); these may 
increase predator-prey encounter rates (Hovel and Lipcius, 2001; Norbury and Overmeire, 2019). 
In systems where this combination of high faunal density and low prey survival is particularly 
pronounced, patch edges and fragmented landscapes may be hotspots of trophic transfer. 
Notably, however, fragmentation effects on prey survival were ≥50% more variable than edge 
effects (across equal sample sizes; Figs. 1.2-1.3). The additional fragmentation effect variability 
may be produced by inter-patch variables, such as mean patch size and isolation. Within small 
patches, food chain length may be limited. Therefore, among fragmented landscapes, mean patch 
size may alter predation rates as a function of the proportion of patches occupied by higher 
trophic levels (Komonen et al., 2000). Furthermore, mean patch isolation may alter predation 
rates by reducing predator movement among distant patches (Micheli and Peterson, 1999; 
Martinson and Fagan, 2014; Fodrie et al., 2015) or by increasing the amount of effort needed of a 
predator to search among patches for prey (Hovel and Lipcius, 2001).  
Edge effects, and the relative amount of edge habitat within a landscape, may in part 




significantly elevated in patch edges and fragmented landscapes. Fish and other guild density 
patterns may be partially explained by a combination of several hypotheses. The "settlement 
shadow" hypothesis (Orth, 1992) suggests water flow dynamics cause more larvae, or small 
fauna, to settle into seagrass edges, while flow reduction farther into seagrass incrementally 
reduces settlement toward patch interiors. In addition, within a mosaic of structured and 
unstructured habitat, fauna may take advantage of the "nearest refuge", such as structured patch 
edges, from potential predators (Virnstein and Curran, 1986; Bishop and Byers, 2015). Patch 
edges and landscapes with more total linear edge (i.e., fragmented landscapes) may capture more 
larvae and retain more prey relative to patch interiors and continuous landscapes. However, 
additional landscape-scale habitat arrangement features likely introduce further variability (Fig. 
1.3) in the underlying mechanisms – settlement shadows and nearest refuge utilization – 
determining faunal distributions across multiple patches. Furthermore, several inter-related LRRs 
(i.e., total faunal and invertebrate density, invertebrate density excluding blue crabs) were small 
in magnitude, relative to the amount of variability, likely because faunal settlement in marine 
systems is dependent upon numerous physical and biological factors in addition to habitat 
arrangement (Jackson 1986). Post-settlement processes (e.g., predator-prey dynamics, as above) 
also play important roles in faunal distributions (Hovel and Lipcius, 2001; 2002; Carroll et al., 
2012) further affecting faunal density responses to edge and fragmentation effects.  
The lack of significance (from zero) in total faunal density responses to edge and 
fragmentation effects may have also resulted from the pooling of a wide range of taxa, body 
sizes, mobilities, and trophic levels. Despite this inherently 'noisy' ecological data, CI widths 
appear small due to large sample sizes (k) (Borenstein et al., 2009). Although my dataset did not 




roughly approximate these factors. However, explicit investigation of the influence of these 
factors on edge and fragmentation effects would be an area of interest for future work in coastal 
systems. Indeed, the directional difference in mean LRRs for edge and fragmentation effects on 
total invertebrate density is partially accounted for by further subdivision using guild body size 
and mobility (i.e., separating out blue crabs). As compared to total invertebrate density, smaller, 
less mobile invertebrates (i.e., invertebrates excluding blue crabs), which were meiofauna and 
zooplankton, showed a statistically significant response to edge effects, further supporting the 
"settlement shadow" hypothesis for less mobile animals (Fig. 1.2). 
More mobile and larger animals, such as blue crabs and fishes, responded to edge and 
fragmentation effects more strongly than less mobile fauna, perhaps due to a better ability to 
navigate habitat arrangement across these scales (Kotliar and Wiens, 1990). Interestingly, these 
highly mobile guilds (acknowledging that the blue crab 'guild' is one species) had 2-fold greater 
mean responses to fragmentation than edge effects. In addition, blue crabs and fish responded 
overall in opposite directions from one another, suggestive of alternate habitat preferences, 
especially at landscape-scales (Fig. 1.2). Though sample sizes were small, leading to large CIs 
(Fig. 1.2) and encouraging cautious interpretation, blue crabs have higher densities in continuous 
landscapes and patch interiors perhaps because they are mesopredators, cannibalistic, and 
heavily rely on higher seagrass shoot density for predation refuge (Hovel and Fonseca, 2005). 
Blue crab density patterns potentially also indicate avoidance of fish predators (Mahoney et al., 
2018). Fish density, comprised mostly of secondary and tertiary consumers (e.g., Perciformes, 
Tetraodontiformes, Syngnathiformes, Labriformes, Clupeiformes, etc.), was the only examined 
response metric on which both edge and fragmentation effects had statistically clear impacts. 




densities (evinced by the negative correlation of fish and shoot densities) at patch edges and 
perhaps by extension (i.e., extrapolation, scaling-up) in fragmented landscapes (Fig. 1.2). 
 Across marine and terrestrial systems, positive relationships between biogenic 
complexity and each of faunal density and survival at fine scales are common in the literature 
and fundamental to our ecological understanding of natural systems (Hovel and Lipcius, 2002; 
Mattila et al., 2008; Norbury et al., 2019). However, seagrass shoot density negatively correlated 
to fish densities in edge effect studies, while invertebrate densities and survival rates had no 
correlation to shoot density in either study type. The lack of clear and positive relationships 
across scales, potentially dampened by interactive effects with covariates like distance from edge 
(Moore and Hovel, 2010) or patch size (Horinouchi, 2007), suggests that extrapolation of habitat 
structural complexity from the sampling scale (e.g., quadrat, core) to predict faunal responses, 
which are often sampled at larger scales, may not be universally applicable.  
Perimeter-to-area ratio (P:A) is a variable commonly implied to bridge across habitat 
spatial scales and to justify the extrapolation of edge effects to explain fragmentation effects 
(Ries et al., 2004; Arponen and Boström, 2012; Haddad et al., 2015) (Fig. 1.1c). However, few 
studies in my meta-analysis reported this variable, ultimately preventing me from quantitatively 
assessing P:A as a universal predictor of edge and fragmentation effects on seagrass 
communities. Regardless, I assert that while P:A geometrically applies to both patch and 
landscape scales (Arponen and Boström, 2012; Carroll et al., 2012) and may be cautiously used 
to scale-up edge effects to partly explain fragmentation effects, it does not account for additional 
landscape-scale attributes. Inter-patch variables, such as matrix arrangement, patch number, and 
mean patch size and isolation, likely underpin the additional variability seen in fragmentation 




variables may better explain biotic responses to fragmentation (Laurance, 2008; Fahrig, 2017). 
 My findings highlight that even within model habitat mosaics such as seagrass meadows, 
there remain critical opportunities for landscape ecologists to examine relationships between 
densities of highly mobile species (e.g., fishes, blue crabs) or complex processes (e.g., predation) 
and patterns of habitat arrangement at multiple scales holistically (e.g., within patch, among 
patch, across landscapes) (e.g., Hovel et al., In press). Densities of highly mobile fauna and 
predator-prey interactions exhibited some of the strongest patterns, however perhaps non-
coincidentally they were the least replicated variables. My meta-analysis illustrates that seagrass 
community responses to edge effects may help explain responses to fragmentation. However, I 
caution investigators against assumptions that edge effects and fragmentation effects are 
functionally equivalent. In fact, faunal densities driven by invertebrates, despite having small 
effect sizes (relative to other meta-analyses of habitat-specific density shifts across coastal 
systems, e.g., Lefcheck et al., 2019), showed statistically and potentially ecologically different 
mean responses to edge and fragmentation. Moreover, a direct comparison of the variability in 
edge and fragmentation effects (Fig. 1.3) illustrates that fragmentation studies often yield more 
variable results than edge effect studies, particularly when examining complex faunal 
interactions (i.e., invertebrate prey survival), or when pooling faunal densities across taxa (i.e., 
total faunal density). This is likely because in fragmentation effect studies, variability in faunal-
habitat relationships is compounded by species-specific responses to numerous landscape-scale 
habitat arrangement features, such as patch number, size, and isolation. This form of comparative 
meta-analysis appears particularly important in systems experiencing significant human-driven 
alteration such as terrestrial forests (Harper et al., 2005; Haddad et al., 2015), for which much 




al., 2004). Coastal marine habitats are also experiencing significant degradation (both overall 
loss and fragmentation per se; Boström et al., 2011) and are typically several orders of 
magnitude smaller in absolute area than terrestrial analogues, where multi-scale experiments are 
more difficult. Therefore, examination of habitat arrangement at multiple nested scales appears 
particularly tractable in model seagrass, reef, saltmarsh, and mangrove forest as a key direction 
for future work to advance our conceptual understanding of the scale-dependence of drivers 
organizing faunal communities. 
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Figure 1.1 Habitat arrangement at two nested scales related to (a) patch-scale edge effects and (b) 
landscape-scale fragmentation effects. Light green is edge habitat, while dark green is interior 
habitat (in a and b). (c) The idealized geometric relationship shows how one might use habitat 
geometry to extrapolate biotic responses to edge effects to explain responses to fragmentation 
per se (i.e., increasing patchiness or dividing up of habitat without loss of area). The ratio of the 
summed total perimeter length (black outline) to the summed total area (light + dark green) gives 
the perimeter-to-area ratio of a patch (in a) or landscape (each in b). The ratio increases as a 
habitat undergoes fragmentation per se, increasing edge habitat amount, reducing interior habitat 
amount, and keeping the total area constant, perhaps enhancing the ecological influence of patch 






Figure 1.2 Mean log response ratios (LRR) for edge effects and fragmentation effects on 
response metrics. Error bars are 95% confidence intervals with sample sizes (k) of comparisons 
(LRRi) and significance from zero (*). Bold k sum to 197 (+k = 7 fish prey survival, not shown; 
give total k = 204). Brackets (]) indicate differences (P <0.05) between edge and fragmentation 
studies for a given response metric. A positive mean LRR indicates a relatively higher response 
in patch edges vs. interiors and fragmented vs. continuous landscapes. A negative mean LRR 






Figure 1.3 Direct comparison of the total variance (τ2) of the true effect sizes of biotic responses 
to edge and fragmentation effects. For each response metric (black dots; k given in Fig. 2), the 
edge effect τ2 is the x-coordinate, while fragmentation effect τ2 is the y-coordinate. The dashed 
line is a y = x reference line. Points above the dashed line have more variation in response to 
fragmentation than edge effects. Points below the dashed line have more heterogeneity in 







CHAPTER 2: PREDATION PATTERNS ACROSS STATES OF LANDSCAPE 
FRAGMENTATION CAN SHIFT WITH SEASONAL TRANSITIONS1 
 
Introduction 
Habitat amount and configuration are important drivers of ecological processes across 
landscape scales, patch scales, and habitat boundaries (MacArthur and Wilson 1967; Wiens 
1989). Island biogeography theory has greatly influenced the examination of effects of primary 
habitat amount and configuration within the context of low-quality matrix habitat(s), through the 
discussion of the species–area relationship and isolation effects, respectively. These concepts 
have been especially useful in the context of terrestrial reserve design to maintain faunal 
populations and ecosystem functionality (Pickett and Thompson 1978). This theory developed to 
further assess disturbances to habitat geometry (i.e., amount and/or configuration) of the primary 
habitat, matrix habitat, and their interface (Laurance 2008). Naturally or anthropogenically 
caused changes to habitat geometry can contribute to spatial variability in faunal biodiversity 
(Fahrig 2003; Yeager et al. 2016), density (Hovel and Lipcius 2002), and survival probabilities 
(Fahrig 1998; Hovel and Lipcius 2001) across ecosystems.  
One such change in habitat geometry, fragmentation, is the process by which a landscape 
of continuous habitat breaks apart into more numerous and isolated patches, experiencing 
concomitant loss of total primary habitat area (Fahrig 2003, 2013). In terrestrial forest systems, 
fragmentation often leads to negative impacts on ecosystem function, reduced species richness, 
 
1 This chapter was previously published in Oecologia. The original citation is as follows: Yarnall AH, Fodrie FJ (2020) 
Predation patterns across landscape fragmentation gradients can shift with seasonal transitions. Oecologia, 193:403–




and increased species extinction proneness (Laurance 2008; Haddad et al. 2015). However, 
across coastal marine habitats, fragmentation effects are thought to be less consistent in response 
magnitude and direction due to a myriad of factors including hydrodynamic regimes and neutral 
or positive matrix effects (sensu Boström et al. 2006, 2011). 
 Habitat geometry can also be considered at scales nested within the landscape, such as 
patch-scale characteristics. Habitat patch edges are transition zones that can be physically, 
biologically, and ecologically different from patch interiors. Edge effects, broadly described as 
the enhancing or dampening of faunal response variables (e.g., density, mortality) near habitat 
boundaries or interfaces, have been well studied across ecosystems (Woodroffe and Ginsberg 
1998; Bell et al. 2001; Ries et al. 2004). Although fragmentation and edge effects are distinct 
concepts within the subdiscipline of landscape ecology, they are fundamentally related in that 
fragmentation necessarily leads to an increase in the habitat edge-to-area ratio (i.e., perimeter-to-
area ratio, P:A; Farhig 2003). In terrestrial systems, where representative sampling across large 
landscapes is difficult, extrapolation of observed patch-scale edge effects to larger scales (i.e., 
landscape-scale fragmentation effects) has been deemed appropriate in several instances (Ries et 
al. 2004). However, the applicability of this extrapolation has yet to be widely examined in 
aquatic systems, including coastal marine habitats. 
 One potential explanation for the lack of a clear trend in faunal response to coastal 
marine habitat fragmentation effects is that ecological systems are dynamic and temperate 
systems may be particularly sensitive to external factors such as seasonality. Within temperate 
systems, seasonality constitutes a variety of commingling physical, biological, and ecological 
changes. Temperate estuaries experience strong seasonal shifts in water temperature, salinity 




al. 2010). Seasonality also accounts for complex intra-annual variation in aquatic faunal 
abundances, interactions, recruitment, and movement across multiple trophic levels, due to both 
top-down and bottom-up pathways (Sommer et al. 1986; Meise and Stehlik 2003; Baillie et al. 
2015). Considering habitat landscape fragmentation, edge effects, and a broad suite of seasonal 
changes together may be particularly important to gain a more complete understanding of 
predator–prey interactions in dynamic temperate estuarine, marine, and terrestrial systems. 
 My study aims to examine seasonal variability in the separate and interactive effects of 
fragmentation effects and edge effects on predator–prey interactions in temperate estuarine 
seagrass systems. Landscape ecologists have often conflated seagrass fragmentation and edge 
effects on faunal communities, with little evidentiary support, perhaps as a result of suggestions 
that extrapolation of edge effects to fragmentation effects may be appropriate in some systems 
(Ries et al. 2004), the nested nature of patches within landscapes, the landscape perimeter-to-area 
ratio (P:A), and similarity among hypotheses regarding seagrass habitat heterogeneity effects on 
predator–prey interactions. Predation mortality is enhanced at patch edges due to lower seagrass 
shoot densities (i.e., refugia reduction, Hovel and Fonseca 2005), higher prey densities (Bell and 
Westboy 1986; Virnstein and Curran 1986), and the tendency of predators to patrol edges in 
search of prey (Hovel and Lipcius 2002; Boström et al. 2006). Within fragmentated landscapes, 
the mosaic of habitat types provides unstructured corridors easing predator movement among 
patches (Hovel and Lipcius 2002), incidentally resulting in increased access to prey at patch 
edges. Despite the intersection of habitat fragmentation and edge increase, few coastal marine 
studies have looked at edge effects in landscapes of different configurations (i.e., continuous vs. 
fragmented) (but see Warry et al. 2009). I aimed to add to and clarify this field of inquiry by 




fragmentation effects in a non-terrestrial system. Seagrasses are a useful model system for this 
investigation due to their global distribution, and the wide variety of meadow sizes, shapes, 
orientations, and species compositions, often set upon relatively unstructured sandy/muddy 
matrix habitat. 
 Using tethering assays (live blue crabs and squidpops; Duffy et al. 2015), I investigated 
how predation/consumption was influenced by seagrass landscape fragmentation state (i.e., 
continuous or fragmented), proximity to seagrass patch edge (i.e., edges or interiors) and 
seasonality. In accordance with previous hypotheses, I expected that with some seasonal 
variability, fragmented landscapes would exhibit relatively higher predation/consumption rates 
than continuous landscapes. In addition, predation/consumption rates would be relatively higher 
in patch edges than interiors. I also expected the interactive effects of fragmentation and edge to 
amplify relative consumption in the patch edges of fragmented over continuous landscapes, yet 
not differ among patch interiors across fragmentation states. I also investigated whether relative 
densities of seagrass-associated fauna, which includes both potential predators and alternative 
prey (i.e., a proxy for community level consumptive potential, or hotspots of trophic transfer 
within this system), and which vary across landscapes and throughout the year, correlated with 
observed relative predation rates. 
 
Methods 
Study site selection 
I conducted this study across eight discrete seagrass meadows (hereafter referred to as 
landscapes) located in Back Sound, North Carolina (NC), USA (34°42′N to 34°39′ N, 76°37′ W 




Back Sound’s dominant seagrasses: eelgrass, Zostera marina (Linnaeus 1753), and shoal grass, 
Halodule wrightii (Ascherson 1868) (Yeager et al. 2016). Landscapes were chosen based upon 
available aerial imagery in Google Earth Pro as of 19-Feb-2017, and ground truthed for changes 
in seasonal seagrass growth/senescence using summer, 2017, drone photography and ImageJ 1.x 
(Schneider et al. 2012). No discernable differences in landscape fragmentation states (e.g., total 
area, number of patches) were found between the two aerial imagery sources. All landscapes 
were relatively shallow (1–1.5 m depth at high tide), reasonably isolated from other seagrass 
beds (distance to nearest seagrass meadow = 112 ± 17 m [mean ± standard error]) and were 
appropriately sized to encompass short-term (e.g., daily, monthly) movements of common 
seagrass-associated fauna in this system (Yeager et al. 2016). I identified similarly sized 
landscapes (25882 ± 6592 m2) available in Back Sound by defining the minimum convex 
polygon surrounding the seagrass meadow, regardless of the total seagrass cover within the 
polygon. Among eight candidate landscapes of similar size, I defined four continuous landscapes 
and four fragmented landscapes based on several alternative fragmentation metrics including the 
number of patches, the perimeter-to-area ratio (P:A), and the largest patch’s percent cover of the 
total seagrass area (Yeager et al. 2016; Table 2.1). Seagrass fragmentation is often naturally 
coupled with habitat loss (Wilcove et al. 1986), resulting in my chosen fragmented and 
continuous landscapes covering a wide overlapping range of total seagrass areas. Although the 
mean seagrass area of my fragmented landscapes was nearly half that of my continuous 
landscapes (Table 2.1), I could account for this difference by examining the effects of seagrass 
area and P:A statistically as alternative metrics for fragmentation (see Statistical Analysis 
section). Due to inherent area differences among natural landscapes, my experiment was 




with habitat loss) rather than fragmentation per se (i.e., the breaking apart of habitat without 
habitat loss; sensu Fahrig 2003). I acknowledge that repeated sampling of my eight landscapes 
may introduce statistical complications due to non-independence, yet my study aimed to examine 
habitat heterogeneity effects on predation within a single system over time, therefore capture 
seasonal variation in ecological phenomena within the same landscapes. 
Predation assays 
Relative predation mortality was measured using tethered juvenile blue crabs (Callinectes 
sapidus Rathbun) of carapace widths 10–40 mm. Tethering is commonly used to measure 
relative predation on juvenile blue crabs (Wilson et al. 1990; Hovel and Lipcius 2001). I note 
that tethering cannot be used to determine absolute predation rates, as tethered prey have 
restricted flee potential, generally raising the incidence of predation (Peterson and Black 1994). 
Still, when interpreted conservatively, tethering data can elucidate differences in the relative 
directionality of environmental factors affecting prey survival (i.e., positive or negative effects). 
Juvenile blue crabs were chosen for tethering due to their economic and ecological importance to 
coastal regions (McCann et al. 2017) and because they have served as a model prey organism in 
several previous studies of related design (e.g., Hovel and Lipcius 2001, 2002; Mahoney et al. 
2018). 
Crab predation assays were run from June to July as this was the period during which I 
could obtain sufficient numbers of appropriately sized crabs for my experiment. All juvenile blue 
crabs were captured in seine nets from Oyster Creek, NC (34°49′19′′ N, 76°27′07′′ W). Crabs 
were glued (active ingredient cyanoacrylate) to 30-cm segments of 12-lbs test monofilament. I 
chose to use 30-cm segments of monofilament for tethers to allow crabs to exhibit natural 




visibility (Peterson and Black 1994). Tethered crabs were attached to 60-cm long, 0.5-cm 
diameter, fiberglass stakes with attached floats for easy relocation. Once tethered, crabs were 
held overnight as a check for attachment integrity, and then deployed across my landscapes on 
the following day. 
Twenty tethered crabs were deployed (stakes pushed completely into the sediment) in 
each continuous and fragmented landscape per predation assay date. Within each landscape, ten 
tethered crabs were haphazardly placed within seagrass edges, defined as 30 cm (a tether length) 
from the seagrass– mudflat interface. The other ten tethered crabs were haphazardly placed in 
seagrass interiors, defined as ≥ 1 m from the seagrass–mudflat interface. Only patches with a 
radius of 1 m or larger were used for tethers classified as ‘interior’. However, patches with a 
radius of < 1 m were used for a portion of my ‘edge’ tethers. All tethers were placed at least 1 m 
apart. I returned to landscapes at 1 h and 24 h to check crab status (i.e., live, eaten). All missing 
crabs were presumed eaten, as no crabs escaped tethers during the 24-h holding period. After 24 
h, any remaining live crabs were removed from tethers and released. Crab tethering cycles were 
repeated four times in 2017 (9-Jun, 14-Jun, 5-Jul, and 13-Jul). On 13-Jul, only half of the 
continuous and fragmented landscapes were included in tethering assays due to a lack of crab 
availability. A total of 550 tethered juvenile blue crabs were deployed during my trials (see 
Appendix 2: Table A2.1 for full sampling schedule and assay sample sizes).  
Squidpops were also used to measure relative “depredation” across landscapes 
(acknowledging that a combination of predation and scavenging may account for observed loss 
patterns). Squidpops are 1-cm × 1-cm squares of dried squid mantle tied to 1-cm segments of 
monofilament (Duffy et al. 2015). I attached squidpops to 60-cm long, 0.5-cm diameter, 




prevent squidpop tangling in seagrass or burial in sediment) within each of the eight landscapes 
per assay date during July and August in 2017 (5-Jul, 13-Jul, 26 Jul, 8-Aug, and 30-Aug), ten in 
the edge and ten in the interior of the seagrass patches as specified above for blue crab trials. A 
total of 720 squidpops were deployed (Appendix 2: Table A2.1). Squidpop depredation assays 
did not occur in June due to lack of dried squid availability. During the first two squidpop 
deployment cycles, I checked squidpop status (present, absent/eaten) at 1 h and 24 h. I observed 
nearly 100% squidpop removal by 24 h, so for the remaining three deployment cycles I 
performed status checks at 1 h and 2 h. 
Seagrass‑associated fauna sampling 
Seagrass-associated fauna were sampled to explore relationships between my observed 
predation/depredation rates and seasonal faunal densities within each fragmentation state. I 
sampled seagrass-associated fauna during each crab tethering cycle with four baited (with ~ 8 
pieces of dried dog food, Mahoney et al. 2018) Gee-style minnow traps (41- cm long, 22-cm 
wide, 0.3-cm galvanized mesh-wire cylinders, with 4-cm diameter funneled openings) 
haphazardly deployed in each landscape. I acknowledge that baiting traps increases catch rates in 
this system and could bias the captured community toward predators and scavengers (my target 
community), yet potential increase in catch rates with baiting seems to be uniform across 
positions within seagrass (i.e., edge effects, Mahoney et al. 2018). At 24 h, fauna were 
enumerated, identified to the lowest taxonomical level possible, and released. Since the last three 
cycles of squidpop depredation assays were not deployed for a full 24 h, minnow traps were not 
deployed on these dates. 
I also sampled seagrass-associated fauna monthly (June, July, and August) by towing a 




specifications and methods documented by Baillie et al. (2015), and Yeager et al. (2016) as part 
of an ongoing long-term survey. Trawl-caught fauna were enumerated, identified to the lowest 
taxonomical level possible, and released. Only three of my experimental landscapes overlapped 
with those randomly selected for the trawl survey during this period, so I classified each trawled 
landscape as continuous or fragmented for direct comparison to my targeted experimental trials. 
Previous studies in this system have shown that seagrass landscapes in Back Sound, NC are 
highly comparable as they experience similar environment conditions and ecological processes 
related to fragmentation state (Baillie et al. 2015; Yeager et al. 2016). Of my examined seagrass 
landscapes, five overlapped with those sampled by Baillie et al. (2015), five with those sampled 
by Yeager et al. (2016), and two landscapes were used in all three studies.  
Point measurements of water temperature (°C) were taken in each landscape at the 
location and time of all tethering assays and faunal sampling using hand-held thermometers 
(Appendix 2: Table A2.1). I chose temperature as my seasonality proxy (Appendix 2: Fig. A2.2) 
because several other seasonally affected factors including faunal densities correlate with water 
temperature variability. In addition, the measurement of temperature is easy, cheap, reliable, and 
comparable to previous studies. 
Statistical analysis 
To determine whether relative predation/depredation and (minnow trap) seagrass-
associated fauna catch per unit effort (CPUE) varied with fragmentation, deployment position 
(edge or interior), and seasonality (proxied by water temperature, °C), I used generalized linear 
models (GLMs) with normal error distribution. I explored multiple alternative metrics for 
fragmentation including total seagrass area (m2), number of patches, perimeter-to-area ratio 




use the categorical variable (with levels, continuous and fragmentated) in my final model as total 
seagrass area and number of patches had no strong effects, while P:A led to similar results as the 
categorical variable (Appendix 2: Table A2.2). Defining fragmentation state categorically has 
been widely used in studies similar to mine (e.g., Hovel and Lipcius 2001, 2002; Hovel and 
Fonseca 2005; Rielly-Carroll and Freestone 2017) and integrates many covarying landscape-
scale metrics (e.g., patch number, P:A, total area, isolation, landscape heterogeneity), therefore 
better encompassing the processes cooccurring in landscape fragmentation than any single 
numerical metric. Individual GLMs included crab mortality, squidpop depredation, and minnow 
trap fauna (total fauna, blue crab, and pinfish) CPUE as response variables. For crab mortality 
and squidpop depredation GLMs, I used Akaike information criterion with a correction for small 
sample sizes (AICc) and weighted score to choose the best fitting models. For the minnow trap 
CPUE GLMs, I performed a two-way ANCOVA, excluding deployment position as a predictor, 
as minnow traps were haphazardly placed throughout meadows without specifying edge or 
interior. I also examined the correlation between crab mortality and squidpop depredation on 
overlapping assay dates, as well as the correlation between each of crab mortality and squidpop 
depredation with minnow trap (total fauna, blue crab, and pinfish) CPUE. Blue crab and pinfish 
CPUE were separated out from the total CPUE to elucidate relationships specifically between 
known major juvenile blue crab predators (i.e., other blue crabs, Moksnes et al. 1997; Meise and 
Stehlik 2003) and major squidpop consumers in this system (i.e., pinfish, Rodemann and Brandl 
2017; Fodrie unpublished data) with the respective tethered prey-item. 
Crab mortality and squidpop depredation data required arcsine square-root transformation 
to meet assumptions of normality (Shapiro–Wilk test). Consumption assays and faunal sampling 




each landscape on a given assay date (i.e., ten tethered crabs, ten squidpops, four minnow traps). 
One minnow trap replicate caught a large aggregation of pinfish (Lagodon rhomboides, n = 82) 
which made its mean catch > 3 SD from the mean CPUE. This minnow trap catch was treated as 
an outlier and excluded from further analysis (Howell 1998).  
Initial analyses revealed that relative mortality rates of tethered crabs at 1 h were low (4.9 
± 1% overall) and relative depredation rates on squidpops after 2 h were similar to those at 1 h 
(paired Student’s t test, t = 0.485, DF = 45, P = 0.630). Therefore, I focused my presentation and 
discussion of results on relative mortality of crabs at 24 h and relative depredation of squidpops 
at 1 h. Also, water level in this tidal system at the time of deployment expressed a positive linear 
relationship with squidpop depredation at 1 h (DF = 1, χ2 = 8.173, P = 0.004) but no effect on 
crab mortality at 24 h (which experienced two full tidal cycles; DF = 1, χ2 = 0.343, P = 0.558). 
Therefore, I detrended squidpop data after 1 h for the effect of tidal level at the onset of 
deployment. 
For trawl CPUE of seagrass-associated fauna, I chose to use fragmentation state and 
month as predictor variables because water temperatures on trawling days were extremely 
similar [27.6 ± 0.07 °C], not covering the same ~ 10 °C (21.7–31.8 °C) range seen during the 
tethering assays. This temperature discrepancy may be due to the vast difference in tidal state 
needed for each sampling method. Initial analyses of my trawled sites confirmed that controlling 
for the variation in seagrass percent cover between continuous (95 ± 1.81%) and fragmented (77 
± 2.04%) landscapes did not significantly change the fauna CPUE between fragmentation states 
(Welch two sample t test; t = − 0.76, DF = 61.9, P = 0.450). Log(x + 1) transformed trawl (total 
fauna, blue crab, and pinfish) CPUE were examined with a type II ANOVAs with unequal 




test. Blue crab and pinfish CPUE were separated out of trawl data for the same reasons stated 
above for minnow trap data. All analyses were performed in R version 3.3.2 (α < 0.05; R Core 




Relative mortality and depredation rates 
Overall, 37.0 ± 3.1% (n = 202) of tethered crabs were consumed after 24 h deployments. 
In continuous landscapes 37.9 ± 5.4% (n = 106) of crabs were consumed, while in fragmented 
landscapes 36.1 ± 3.2% (n = 96) were consumed. Despite these coarse similarities, there were 
important differences in relative mortality patterns across tethering cycles. The best fitting crab 
mortality model (chosen by ΔAICc and weighted score) excluded deployment position (i.e., edge 
effects) as a predictor variable (Table 2.2). Crab mortality more than doubled in continuous 
landscapes with a water temperature increase of 10 °C (y = – 0.75 + 0.041x, r2 = 0.609), but 
mortality did not systematically vary with temperature in fragmented landscapes (y = 0.44 – 
0.003x, r2 = 0.007) (Fig. 2.1a). Crab mortality was initially relatively higher in fragmented 
landscapes when water temperatures were lower in June but was outpaced by the increase in 
mortality in continuous landscapes by July, which exhibited higher water temperatures, 
producing an apparent “flip” in spatial mortality trends over time. 
Overall, 27.1 ± 4.1% (n = 184) of all squidpops were consumed after 1 h. In continuous 
landscapes, 29.5 ± 5.9% (n = 100) were consumed, while in fragmented landscapes 24.7 ± 5.7% 
(n = 84) were consumed. Unlike crab mortality, AICc revealed that the best squidpop model 




increased with water temperature (y = –0.37 + 0.023x, r2 = 0.064; Fig. 2.1b). Crab mortality and 
squidpop depredation were only weakly positively correlated on overlapping tethering assay 
dates (30.76 °C ± 0.23) (Pearson correlation r = 0.37, P = 0.28). 
CPUE of seagrass‑associated fauna 
A total of 801 seagrass-associated fauna individuals, representing 22 species, were 
captured in minnow traps. Neither crab mortality nor squidpop depredation were strongly 
correlated to minnow trap total fauna or pinfish CPUE (Appendix 2: Table A2.3), yet crab 
mortality positively correlated to blue crab CPUE (r = 0.401, P = 0.04, Appendix 2: Table A2.3). 
In addition, minnow trap total fauna and pinfish CPUE were not affected by fragmentation state, 
water temperature, or their interaction, but blue crab CPUE was positively affected by 
temperature (DF = 1, χ2 = 8.503, P = 0.004, Appendix 2: Table A2.4). While not statistically 
significant at α = 0.05, a striking similarity in the relationship between minnow trap total fauna 
CPUE and temperature (Fig. 2.2) to the relationship between crab mortality and temperature 
(Fig. 2.1a) was noted. Like crab mortality, minnow trap total fauna CPUE remained stable in 
fragmented landscapes from June to July (y = 6.8 – 0.012x, r2 = 5.03e−05), yet approximately 
doubled in continuous landscapes over this same period (y = –3.7 + 0.34x, r2 = 0.227). In both 
cases, there was a shift in the relatively higher response (i.e., minnow trap total fauna CPUE and 
crab mortality) from fragmented landscapes to continuous landscapes occurring at 26–27 °C. 
The otter trawl captured 4645 individuals, representing 41 species. Trawl catch rates of 
total fauna and pinfish increased with the month, while blue crab CPUE peaked in July, but no 
catch rate differed with fragmentation state (Appendix 2: Table A2.5). Trawl CPUEs for total 
fauna among fragmentation states were similar to blue crab CPUE trends in June and July (when 




July and August (when squidpop depredation trials occurred, Fig S3b), so for simplicity I 
focused on trawl total fauna CPUE trends (Fig. 2.3) as with minnow trap CPUE. Although the 
interaction of fragmentation state and month was not statistically significant (DF = 2, F = 2.781, 
P = 0.102, Appendix 2: Table A2.5), the pattern of relative catch rates between continuous and 




My use of two tethered prey-items to assess relative predation/consumption rates across 
seagrass landscape fragmentation states, edge and interior positions, and a temperature gradient 
yielded results that varied with prey-item, fragmentation state, and temperature, but not edge-vs-
interior transitions or the interaction of edge effects and fragmentation state. As I hypothesized, 
seasonality influenced both blue crab mortality and squidpop depredation. However, only blue 
crab mortality was influenced by fragmentation. The clear influence of fragmentation yet lack of 
observed edge effects on relative predation mortality within seagrass suggests to me that 
fragmentation and edge effects may be scale-dependent (i.e., landscape vs. patch scales) and 
should not be conflated across these nested scales due to the landscape P:A in this context. In 
addition, only blue crab mortality positively correlated with blue crab (their major potential 
predator) CPUE across landscapes, yet both minnow trap and trawl total fauna catch rates 
produced patterns that matched spatiotemporal patterns of crab mortality. 
Unlike several long-term forest studies (reviewed within Haddad et al. 2015), with few 
exceptions, marine fragmentation effects are often studied over short time periods giving a 




interpretation of results as static rather than dynamic (Boström et al. 2011). From previous 
studies in both marine (Boström et al. 2006) and terrestrial habitats (Haddad et al. 2015), I knew 
fragmentation could easily have a positive, negative, or no strong effect on predation rates. 
Interestingly, my experimental investigation found that the effects of seagrass landscape 
fragmentation on relative predation rates are not consistent or unidirectional but vary seasonally. 
Juvenile blue crab mortality illustrated a seasonal shift from relatively higher mortality in 
fragmented to continuous landscapes correlating with increasing water temperatures from June to 
July (Fig. 2.1a). While crab mortality exhibited a clearer shift or “flip” in landscape-scale 
relative magnitude over time, squidpop depredation showed a marked increase in overall 
depredation rate positively correlated with temperature (Fig. 2.1b).  
Although I used temperature as my proxy for seasonal change, I do not have data to 
suggest that temperature, or seasonality in general, is an underlying causal agent of variation in 
predation rates within seagrass systems. Seasonal cycles comprise a suite of physical and 
biological changes in temperate, shallow estuarine systems (Blanchard et al. 1997; Iriarte et al. 
2010; Santos et al. 2017). It is likely that temperature in combination with other seasonal 
changes such as variations in predator and prey densities and habitat selection (Cote et al. 2013), 
changing water clarity (Salini et al. 1998), or seagrass shoot density variability (Jankowska et al. 
2014) have additive or synergistic effects on predation rates. Likewise, seasonality has also been 
shown to correlate with predation mortality in terrestrial systems potentially due to changes in 
predator and prey density as well as changes in habitat characteristics, such as vegetation 
complexity (Feierabend and Kielland 2015). Furthermore, in a system like this, Hovel and 




and size (both components of fragmentation state), and among months (another proxy for 
seasonality). 
The observed shift in relative total faunal density (i.e., consumption potential) in 
continuous and fragmented seagrass landscapes is a likely mechanism driving relative juvenile 
blue crab mortality rates. Blue crab mortality correlated with the CPUE of potentially 
cannibalistic blue crabs (Moksnes et al. 1997) across fragmentation states. In addition, regardless 
of whether the individual fauna captured in my total minnow trap samples are potential predators 
or alternative prey, a shift in overall habitat usage by seagrass-associated fauna is likely 
indicative of spatiotemporally variable hotspots for trophic transfer. Minnow trap fauna CPUE 
did not correlate with crab mortality or vary with fragmentation state or water temperature, and 
trawl fauna CPUE only differed among months. However, the similarity between the trends of 
crab mortality and total fauna CPUE in June and July is suggestive of a relationship between 
faunal densities and prey mortality (i.e., the ecological significance of the trends may outweigh 
statistical significance when considering ‘noisy’ catch data; Figs. 2.1a, 2.2, and 2.3). The relative 
density of seagrass-associated fauna (captured in both the minnow traps and trawl) matches the 
pattern of relative crab mortality over the same time period. A potential explanation for this 
match is potential blue crab predator densities responding to spatiotemporal variation in prey 
sources alternative to my tethered crabs leading to incidental consumption of my tethered prey. 
Therefore, I hypothesize that changes in overall faunal densities, proxying overall consumption 
potential (Reynolds et al. 2018), across landscapes and through time may be a driving factor 
behind the differences seen in relative blue crab mortality rates. 
Indeed, previous studies provide corroborative evidence that overall faunal densities 




found that trap-based CPUEs of nekton in seagrass correlated remarkably well (Pearson’s r = 
0.42) with predation rates on seagrass-associated mesograzers across broad biogeographic scales 
(i.e., 30˚ latitude and multiple ocean basins). Similarly, Duffy et al. (2015) found that faunal 
diversity was related to consumption pressure in seagrass habitats across global scales. Both 
Rielly-Carroll and Freestone (2017) and Hovel and Lipcius (2001) found higher abundances of 
adult blue crabs in continuous than fragmented seagrass landscapes directly correlated with the 
mortality of and inversely correlated with the abundance of juvenile blue crabs. When taken 
together, mine and these studies indicate that predator foraging habitat selectivity varies 
geographically and/or between years but affects the mortality of juvenile blue crabs in the same 
manner. In this system, seasonal transitions may increase the number of mouths to feed within 
certain seagrass landscapes, potentially leading to higher predation rates in landscapes with 
higher overall faunal densities. 
While squidpops are an accepted technique to assess feeding intensity from generalist 
consumers (Duffy et al. 2015; Rodemann and Brandl 2017), I observed notable differences 
between trends of crab and squidpop loss which should be considered in future experimental 
designs. Like crab mortality, squidpop depredation exhibited a positive correlation with water 
temperature, yet squidpop depredation did not differ among fragmentation states (yet see 
Appendix 2: Table A2.2, indicating a P:A × water temperature interaction). High squidpop 
depredation after 1 h, as compared to low crab mortality at 1 h, suggests squidpops and tethered 
crabs may test alternative mechanisms of foraging. Squidpops are inanimate, defenseless, dead 
prey-items, not only subject to active predation but also scavenging. These two foraging 
mechanisms combined may in part explain the extreme high squidpop depredation rates 




attracted to highly visible food (Guaff et al. 2018) or opportunistically attack food that requires 
less handling time than would be necessary to prey upon live, defensive prey. In North Carolina, 
pinfish are known to be major consumers of squidpops (despite the lack of correlation in my 
study; Appendix 2: Table A2.3) yet are not considered major predators of juvenile blue crabs 
(Rodemann and Brandl 2017; Fodrie unpublished data). Tethered crabs may be a more accurate 
assay for an aggressive predation mechanism in which defensive benthic prey are targeted and 
olfactory senses are used to locate cryptic burrowing crabs (Weissburg and Zimmer-Faust 1993). 
Future experimental designs should consider whether the use of squidpops accurately depicts the 
consumers in question. I agree that squidpops are an accurate assay for generalist consumer 
pressure (Duffy et al. 2015), but caution against language that suggests squidpops assess 
“predation pressure” or “predator activity”. 
Preliminary analyses indicated squidpop depredation is strongly dependent upon tidal 
state. More squidpop depredation occurred at higher tide when water levels were higher over 
seagrass landscapes. Tidal water depth variation affects predation in tidal creeks (Rypel et al. 
2007) and salt marshes (Banikas and Thompson 2012) but has yet to be studied in seagrass. 
However, tidal variation does affect the abundance of fish taxa at seagrass edges (Becker et al. 
2012), which could be a mechanism by which squidpop depredation varied with tidal state in my 
study. In addition, several of my seagrass landscapes were partially exposed at extreme low tide, 
perhaps preventing easy demersal scavenger detection of, or access to, squidpops. 
Tidal state may also have played a role in the apparent spatiotemporal match of crab 
mortality, and lack of match of squidpop depredation, with observed total faunal densities. 
Tethered crabs, squidpops, and minnow traps were all deployed within 3 h of low tide, while 




tethers and minnow traps soaked for two full tidal cycles, therefore potentially experiencing the 
same communities sampled by the trawl at higher tides. However, high depredation rates on 
squidpops restricted analysis to 1 h data (often still within 3 h of low tide), potentially preventing 
the consumption assay from accurately representing the communities caught by the minnow 
traps and trawl. In addition, I note that squidpop assays did not entirely temporally overlap with 
crab tethering assays and minnow trap deployments (Appendix 2: Table A2.1); therefore, a 
match of spatiotemporal trends among these samplings was not expected. Despite these 
limitations preventing inference of potential squidpop consumers in my study, a positive 
relationship with water temperature for both crab and squidpop consumption assays suggests 
seasonality may be an important correlate for relative consumption pressure regardless of tidal 
state, soak time, or assay dates. 
Unlike numerous marine (sensu Mahoney et al. 2018) and terrestrial (e.g., Murcia 1995) 
studies which found strong increases in predation rates along habitat edges, my study did not find 
any clear effects of edge or interior deployment position on prey-item (i.e., crab or squidpop) 
loss. Although edge effects have been implicated in predation variation in seagrass (Boström et 
al. 2006), in the context of edge effect studies most similar to mine, specifically using tethered 
crustaceans to examine relative predation rates (i.e., Peterson et al. 2001; Hovel and Lipcius 
2002; Mahoney et al. 2018), trends in crustacean mortality as a response to seagrass edge are not 
firmly established. Peterson et al. (2001) tethered shrimp and crab species to find that in eelgrass 
beds, survival time (time to predation) and predation rates (the number of prey items removed 
per h) did not differ from edge to interior. Hovel and Lipcius (2002) found that blue crab survival 
decreased with increasing juvenile blue crab density from seagrass edges to interiors, suggesting 




Mahoney et al. (2018) found that blue crabs survived 2.5 times longer at edges than interiors of 
seagrass. The inconsistency of responses to edges between these and my study suggests that edge 
effects on crustacean mortality are complex, variable, and may be confounded by unexamined 
predictor variables such as habitat patch characteristics, landscape-scale metrics, seasonality, or 
time of year. In addition to the lack of consistent edge effects on crustacean predation mortality, 
my study suggests edge effects may not be appropriate for extrapolation to landscape 
fragmentation effects in seagrass systems. 
My study results lead me to three main take-aways. (1) Seagrass landscape fragmentation 
effects on predation are not consistent but rather, are potentially dynamic over a suite of seasonal 
and other successional scales. In my study, I hypothesize that spatiotemporal variation in faunal 
densities, therefore moving loci of trophic transfer, where the primary mechanistic cause of the 
observed “flip” in relative mortality magnitude with fragmentation state. Therefore, assessment 
of responses such as prey mortality and potential predator densities should be conducted over 
longer time scales to encompass (monthly, seasonal, annual, etc.) changes in faunal abundances 
and habitat utilization. (2) Tethered blue crabs and squidpops may test alternative mechanisms of 
foraging, such as predation/cannibalism and consumption potential/scavenging, respectively. 
While both prey types showed increases in loss rates with temperature, landscape effects were 
only evident for juvenile blue crab morality. Use of prey types with longer average time to 
predation may be more useful to tease apart variations between habitat types. (3) I caution 
against non-evidence-based extrapolation of patch-scale edge effects to landscape-scale 
fragmentation effects on faunal communities, as my study found no such connection in seagrass 




faunal communities within coastal marine habitats is needed to determine the appropriateness of 
edge and fragmentation effect conflation in these systems. 
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Table 2.1 Continuous (C) and fragmented (F) seagrass landscape characteristics obtained from 








Table 2.2 Model selection by ΔAICc and AICc weighted (wt.) score for full (three-way) model 
and sequential variable exclusion. The bolded 0 value ΔAICc and highest wt. score value indicate 









Figure 2.1 Relationship of a) crab (Callinectes sapidus) mortality water temperature in 
continuous (filled symbols) and fragmented (open symbols) landscapes (n = 8). Continuous 
landscapes (solid line): crab mortality = (0.041 × temperature) – 0.75; r2 = 0.61. Fragmented 
landscapes (dashed lined): crab mortality = (0.003 × temperature) + 0.44; r2 = 0.007. 
Relationship of b) squidpop depredation to water temperature only (solid line). Note y-axes are 







Figure 2.2 Relationship of minnow trap fauna CPUE and water temperature in continuous (filled 
symbols) and fragmented (open symbols) landscapes in June and July. Continuous landscapes: 
fauna CPUE = (0.34 × temperature) – 3.7; r2 = 0.23. Fragmented landscapes: fauna CPUE = (–





















Figure 2.3 Trawl fauna catch (mean + SE) in continuous (filled bars) and fragmented (open bars) 
landscapes in Back Sound, NC (n = 6) per month. Letters indicate significant differences (P 

























CHAPTER 3: HABITAT AREA MORE CONSISTENTLY INFLUENCES SEAGRASS 
FAUNAL COMMUNITIES THAN FRAGMENTATION PER SE 
 
Introduction 
Globally intensifying habitat degradation is one of the most important causes of 
defaunation across terrestrial and marine systems (McCauley et al., 2015). At local scales, faunal 
communities respond to a range of landscape structural components that can be altered by habitat 
degradation, including habitat area, habitat configuration (e.g., patch size, patch isolation, 
perimeter-to-area ratio), and matrix habitat configuration (i.e., less structured, matrix habitat 
interspaced among structured, primary habitat patches). Because these landscape parameters are 
often tightly correlated, their independent influences on faunal community structure and 
dynamics are difficult to delineate. Early ecological theories examined the independent and 
interactive effects of habitat area and patchiness: both island biogeography theory (MacArthur 
and Wilson, 1967) and the single large or several small (SLOSS) reserve debate (Diamond, 
1975), suggest that larger, more continuous habitat would recruit and maintain biodiversity better 
than smaller and more isolated patches. However, contrary results across ecosystems (Simberloff 
and Abele, 1982) suggested additional components of habitat complexity (e.g., matrix effects, 
edge effects) may be influential factors. These complicating findings ultimately led to the advent 
of fragmentation theory. Fragmentation theory mechanistically explores faunal responses to 
primary (i.e., more structured) habitat conversion to matrix habitat, which is often less 
structurally complex and potentially inhospitable for certain species (Laurance, 2008).  




degradation often shifts more continuous landscapes to patchier configurations, through 
fragmentation. Landscape fragmentation is a process by which a habitat breaks apart into more 
numerous patches, often concomitant with overall habitat loss (Fahrig, 2003). The simultaneous 
increase in habitat patchiness with decreasing area confounds identification of the main drivers 
of faunal community change in natural systems. Globally, studies in all major biomes generally 
agree that overall habitat loss leads to biodiversity loss (Fahrig, 2003; Dirzo and Raven, 2003; 
Haddad et al., 2015). However, faunal responses to fragmentation per se, or increasing habitat 
patchiness independent of area loss, are often weak (Fahrig, 2003). When statistically significant, 
the overall directionality of fragmentation per se effects appear context dependent relative to 
how fragmentation is defined and examined (i.e., from the patch- or landscape-scale perspective) 
(Fahrig, 2017; Fletcher et al., 2018; Fahrig et al., 2019). In addition, fragmentation per se has yet 
to be extensively studied in coastal marine habitats, where the combined effects of natural 
gradients in and (often anthropogenic) changes to habitat area and patchiness on faunal 
communities are highly variable (Boström et al., 2006; 2011). Therefore, further examination of 
faunal responses to these two effects independently and interactively is a necessary next step to 
better understand the consequences of coastal marine habitat degradation. 
Seagrass landscapes are a useful model coastal marine system for the examination of 
habitat degradation effects, as there is a large body of existing literature examining fragmentation 
effects on faunal communities (reviewed by Boström et al., 2006; Connolly and Hindell, 2006; 
Yarnall et al., In review). Numerous mechanisms are hypothesized to drive faunal responses to 
seagrass fragmentation holistically (i.e., area and patchiness effects), stemming from both 
settlement patterns and post-settlement processes. For instance, settlement patterns depend upon 




which in several instances manifest as "settlement shadows" (Orth, 1992). The settlement 
shadow hypothesis suggests that current-carried larvae settle at seagrass edges while reduced 
larval concentration as water flows through seagrass incrementally lessens settlement toward 
patch interiors. By extension, more larvae may settle in small patchy landscapes with relatively 
more edge than interior habitat (Bologna and Heck, 2000; Warry et al., 2009; Boström et al., 
2010). However, because many settling species are mobile, settlement patterns may not reliably 
predict faunal densities across landscapes. Juvenile and adult faunal densities are often elevated 
in large continuous landscapes, due primarily to relatively higher survival away from patch edges 
(Carroll et al., 2012; Yarnall et al., In review). Still, evidence suggests that large, fragmented 
landscapes support similar densities to continuous landscapes of similar area, perhaps suggesting 
that fragmentation per se has weak influences on community structure (Yeager et al., 2016).  
Beyond effects on faunal distribution patterns, habitat configuration can also influence 
community compositions and species interactions. Like faunal densities, species richness and 
diversity are also negatively affected by decreases in seagrass cover yet neutrally or positively 
influenced by increased patchiness (Frost et al., 1999; Boström et al., 2006; Yeager et al., 2016). 
Mosaics of structured and unstructured habitat may increase diversity by supporting both habitat- 
and matrix-associated species (Laurance, 2008; Dixo and Metzger, 2010). For example, in 
fragmented landscapes, although total faunal densities are generally higher in seagrass than 
adjacent mudflat (Baillie et al., 2015), predators may use mudflat matrix as search corridors 
among patches (Hovel and Lipcius, 2002), thus restricting prey to vegetative refugia (Virnstein 
and Curran, 1986; Bishop and Byers, 2015). As such, predator-prey interactions are also often 
increased at patch edges (reviewed by Mahoney et al., 2018), and in landscapes with relatively 




not be uniformly elevated in fragmented landscapes, as patch isolation can reduce predator 
movement among distant patches (Micheli and Peterson, 1999; Fodrie et al., 2015) or increase 
the effort needed of a predator to search among patches for prey (Hovel and Lipcius, 2001).  
Faunal responses to habitat area and configuration may also result from the influence of 
covariates such as fine-scale structural complexity (Hovel and Lipcius, 2001; Jackson et al., 
2006). Fine-scale complexity attributes, such as seagrass shoot density or canopy height, and 
epiphyte growth on seagrass leaves, may influence faunal communities through the provision of 
predation refugia in interstitial spaces (Guidetti and Bussotti, 2002), camouflage for cryptic 
species (Jackson et al., 2006), food for mesograzers (Ebrahim et al., 2014), or water flow 
attenuation across a landscape (Hansen and Reidenbach, 2013). These covariates may impact 
fauna as much or more than seagrass fragmentation in some cases (Hovel and Lipcius, 2001). 
 The covariation of landscape configuration and fine-scale habitat characteristics causes 
fragmentation effects on faunal communities to tend to be difficult to mechanistically explain in 
natural seagrass systems (Boström et al., 2006; Yarnall et al., In review). Within natural systems, 
many landscape replicates are needed to obtain sufficient independent ranges of both habitat area 
and patch number (Yeager et al., 2016). Alternatively, constructing landscapes from artificial 
seagrass mimics is labor-intensive, which often restricts studies employing artificial seagrass 
units (ASUs) to a few square meters, and therefore also restricts the size distribution and 
mobility of the faunal community examined (Warry et al., 2009; Arponen and Boström, 2012).  
However, ASUs have become an important tool for controlling confounding habitat 
characteristics intrinsic in natural seagrass, such as shoot density, canopy height, and 
configuration. The use of inert materials, such as artificial seagrass, removes the influence of 




responses to habitat structural components and configuration. In the context of fragmentation 
effect studies, artificial seagrass landscapes can be designed to allow for the explicit separation 
of habitat area and patchiness (Warry et al.., 2009; Ljungberg et al., 2013).  
To parse the ecological effects of habitat area and patchiness on faunal community 
structure and dynamics of mobile estuarine nekton, my study employed ASU landscapes at a 
scale relevant to short-term habitat fidelity of common fish and macroinvertebrates in this 
temperate study system (Potthoff and Allen, 2003; Johnson and Eggleston, 2010; Yeager et al., 
2016). I designed and deployed 25 unique, 234-m2 footprint area landscapes, composed of a total 
of 2059 ~1-m2 ASUs. These landscapes were designed along orthogonal axes of artificial 
seagrass area (i.e., percent cover of the landscape footprint; 10-60%) and fragmentation per se 
(i.e., percolation probability; 0.1-0.59) to delineate their independent and interactive effects on 
seagrass fish and macroinvertebrate communities. I examined how landscape parameters 
influenced seagrass faunal density, diversity, and generalist consumption pressure. I also 
investigated whether settlement rates drive faunal density patterns across these landscape 
parameters. In addition, I explored the relative importance of landscape parameters versus fine-
scale complexity metrics (i.e., canopy height, epiphyte biomass) in influencing faunal density 




I conducted my study on Oscar Shoal and an adjacent unnamed shoal in Back Sound, 
NC, USA (34°42′20"N to 34°41′60"N, 76°36′ 15"W to 76°35′17"W) during the summer of 2018 
(Fig. A3.1). Both shoals were shallow (<0.5 m depth at low tide), historically supported 




large expanses of sandy area speckled with small patches of seagrass (which were avoided 
during landscape location selection) composed of a mixture of eelgrass, Zostera marina 
(Linnaeus 1753), and shoal grass, Halodule wrightii (Ascherson 1868) (Yeager et al., 2016). 
Both shoals are adjacent to deep boating channels and are sandwiched between two large 
saltmarsh complexes to the north (North River Marsh) and south (Middle Marsh).  
Artificial seagrass unit landscape construction 
To examine fragmentation components independently and interactively, I generated 25 
unique 18-m × 13-m (234 m2) landscapes along orthogonal axes of percent cover of seagrass 
within the landscape footprint area (10%, 22.5%, 35%, 47.5%, 60%) and fragmentation per se 
(i.e., percolation probability: 0.1, 0.225, 0.35, 0.475, 0.59) (Fig. 3.1). Blueprints for landscape 
construction in the field were generated by a modified random cluster (MRC) method (Saura and 
Martinez-Millan, 2000) using the randomHabitat function in the secr package in R (Efford, 
2016). In using the MRC method, landscapes of low percolation probability exhibit low 
connectivity from one ASU to the next (i.e., are highly fragmented), which approaches a lower 
limit of realistic landscape fragmentation at percolation probability = 0.1 (Saura and Martinez-
Millan, 2000). Additionally, patch cohesion is maximized (i.e., landscapes are continuous) when 
percent cover reaches ~60% and percolation probability approaches ~0.59 (Saura and Martinez-
Millan, 2000). Therefore, I chose 60% cover and percolation probability = 0.59 as the upper 
limits of my landscape parameters, percolation probability = 0.1 as the fragmentation per se 
lower limit and a corresponding lower limit 10% cover, to allow for orthogonal landscape 
parameter treatments. For simplicity, landscape parameters will be hereafter described in the 
context of percent cover and fragmentation per se (i.e., low percolation probability is high 




and maintain consistent edge-to-area ratios within individual fragmentation per se treatment 
levels. Within an individual landscape defined by >1 seagrass patch, discrete patches of artificial 
seagrass were separated from one another by a minimum of 0.86-m (short length of an ASU) of 
sandy matrix in all directions.  
Each landscape contained 22 to 135 ASUs (total n = 2059) constructed to mimic shoot 
density, shoot width, and canopy height of Zostera marina meadows in this system (Yeager et 
al., 2016). For each ASU, 30-cm lengths of green splendorette curling ribbon (0.5-cm width) 
were tied to ~1-m2 bases of rigid black plastic VEXAR (0.86-m x 1.2-m, 2.5-cm mesh) so that 
each ASU had uniformly spaced "shoots" (450 m-2) with two ~15-cm length "leaves". 
Twenty-five ASU landscapes were deployed over the course of 10 days (21-May to 31-May 
2018) in random order. All landscapes were ≥50 m apart from each other and ≥30 m from natural 
seagrass patches (>3 m in diameter). Individual ASUs were secured to the sediment surface and 
each other with lawn staples (16 per ASU) and zip ties (0-4 per ASU, based on presence/absence 
of adjacent ASUs), respectively. The site with 60% cover and 0.59 percolation probability (i.e., 
"60%-0.59"; hereafter sites will be named by this convention), was replicated (on 8-Jun) to 
examine potential differences between shoal environments.  
Faunal density sampling procedures 
To examine potential differences among faunal responses to habitat configuration within 
primary habitat (i.e., artificial seagrass) versus matrix habitat (i.e., sand/mudflat) within the 
borders of the landscape footprint, faunal densities were sampled at three locations within each 
landscape (Fig. 3.1). Primary habitat samples were taken within the largest ASU patch of each 
landscape. Matrix samples were taken at two locations either 1 m away from the largest patch 




locations were chosen to examine potential differences among faunal density responses to 
primary habitat configuration at a constant distance from the primary habitat (within matrix) and 
among various interpatch distances within matrix (i.e., interpatch distance increases with 
decreasing habitat percent cover). Interpatch samples were not taken in landscapes with 0.59 
percolation probability, as they only had one patch. 
From June to October 2018, fauna were sampled with baited (~ 8 pieces of dry dog food, 
Mahoney et al., 2018) Gee-style minnow traps (41-cm long, 22-cm wide, 0.3-cm galvanized 
mesh-wire cylinders, with 4-cm diameter funneled openings). A single trap was deployed on 
nine occasions within the largest patch of each landscape and on four occasions at each of two 
the matrix locations (Table 3.1). Each minnow trap deployment lasted 24 h, at which time all 
fauna were enumerated, identified to the lowest taxonomical level possible, and released. 
Fish were also sampled with Dual Frequency Identification Sonar (DIDSON). DIDSON 
allowed me to reliably detect fish regardless of water visibility (compared to traditional video 
cameras), sample an order-of-magnitude higher number of fish than traps, and diversify the size 
range of organisms I was able to sample (versus traps alone). However, DIDSON does not allow 
for species identification. DIDSON 'videos' (n = 166), 1 min in length, were taken in each 
landscape's largest patch (n = 3; July, September, October) and in each matrix location (i.e., 
interpatch, near patch) (n = 2; July, September) (Table 3.1). Using DIDSON software 
(V5.26.06), I counted fish on 10 randomly selected frames from each 1-min video. Random 
frame selection was constrained such that each frame was a minimum of 25 frames apart to 
improve fish count independence (i.e., fish were not counted more than once). To account for 
potential reader bias in fish counts, some videos were analyzed by two (n = 18) or three (n = 15) 




per video (paired two-sample t-test, P >0.05), ruling out significant reader bias. For videos with 
multiple reads, mean fish counts per frame were summed and rounded to the nearest integer for 
statistical analysis (i.e., allowing analyses for count data).  
DIDSON videos in site 47%-0.225 recorded a large aggregation of fish across all three 
sampling positions during the July sampling date (i.e., largest patch, n = 91; near patch, n = 186; 
interpatch, n = 735). At each of the three positions, these were the highest fish counts and >3 SD 
than the mean of all fish counts per video. Preliminary analysis revealed these to be influential 
outliers (Cook's distance >0.5) prevented resolution of fish densities in all other sites. Therefore, 
these outliers were excluded from analysis, which did not substantially alter model results, but 
improved model fits (Howell 1998; Rawlings et al., 1998) (models excluding influential outliers 
are listed in Appendix 3: Table A3.1). 
Settlement rate sampling procedures 
Larval fish and crab megalopa settlement were sampled seven times from June to August 
2018 (Table 3.1) using Standardized Monitoring Units for the Recruitment of Fishes (SMURFs; 
Ammann 2004). This brackets the seasonal timing of settlement by the majority of species that 
occupy local seagrass as nursery habitat (Baillie et al., 2015). SMURFs were created from 2.5-
cm mesh VEXAR, zip-tied to create a 1-m long, 0.2-m diameter cylinder with folded-end 
closures. To facilitate settlement and accommodate various settler sizes, each cylinder was 
stuffed with two sizes of plastic mesh: 3 m2 of 5-cm × 7.5-cm and 5 m2 of 1-cm × 1-cm mesh. 
SMURFs were secured to each landscape by a 20-cm sand screw and 25-cm paracord line 
attached to the underside of the sampling unit. Floats were attached to cylinder ends for added 
buoyancy and to suspend the SMURFs above the seafloor. To examine how settlement rates 




seagrass, each SMURF was positioned at the 'center' of the largest ASU patch (as I estimated for 
each irregular shape) in each landscape (Fig. 3.1). SMURFs were deployed for 48 h to maximize 
larval collection (Ammann, 2004) and prevent biofouling (Tavernetti et al., 2009). After the first 
deployment cycle it was noted that SMURFs retrieved closer to sunrise had higher settler 
abundances. Subsequent deployments were therefore timed to coincide with a 4-h collection 
window surrounding sunrise. Upon retrieval, 5-gal buckets of water were poured over each 
SMURF into a collection bin while the SMURF was shaken and rotated. This process was 
repeated a minimum of three times and until no additional fauna were observed being washed 
into the collection bin. Samples were sieved (0.5-mm mesh) and collected fauna frozen for later 
identification and enumeration in the lab. All SMURFs were rinsed with freshwater and dried by 
sunlight before redeployment.  
One SMURF (in site 60%-0.225 on 11-Jul) collected a large number of brachyuran 
megalope (n = 49), which was the highest settlement rate observed in any SMURF and was >3 
SD from the mean of all settlement rates. Upon preliminary analysis, this SMURF catch was 
shown to be an influential outlier (Cook's distance >0.5) which prevented resolution of 
settlements rates in all other sites, therefore this outlier was excluded from analysis (Howell 
1998; Rawlings et al., 1998) (models excluding influential outliers are listed in Appendix 3: 
Table A3.1). 
Community level generalist consumption  
To measure relative levels of generalist consumption pressure across landscapes, I 
conducted two squidpop consumption assays on 19-Oct and 1-Nov 2018 (Table 3.1). 
Consumption assays were conducted after all faunal density sampling was complete, so as to not 




seagrass meadows (Baillie et al., 2015). Squidpops are 1-cm × 1-cm squares of dried squid 
mantle tied to 1-cm segments of monofilament (Duffy et al., 2015). I secured squidpops to 60-cm 
long, 0.5-cm diameter, fiberglass stakes with attached floats for relocation. On each assay date, 
up to 10 squidpops were deployed within ASUs in each landscape, 1 m apart and ≤0.5 m from 
the ASU-matrix interface (the edge of ASU patches), to control for potentially different 
consumption rates between seagrass patch edges and interiors (Mahoney et al., 2018; Yarnall and 
Fodrie, 2020). The number of squidpops deployed in each landscape [9.18 ± 1.75 SD] depended 
upon the length of available edge (see section on Hurricane Florence below). Squidpop 
presence/absence was checked after 1 h, 2 h, and 3 h in order to retrospectively choose the 
timeframe in which overall consumption rates allowed for resolution among sites (i.e., between 
one- and two-thirds of all bait consumed). This threshold was met after 1 h, therefore I focus my 
results on these data. All absent squidpops were presumed eaten based on previous efforts that 
have demonstrated negligible spurious bait loss (Lefcheck et al., 2021). 
Artificial seagrass fine-scale complexity 
In July and September 2018, fine-scale habitat complexity metrics, ASU canopy height 
and epiphyte biomass, were sampled along a transect from the edge to the rough 'center' of the 
largest patch in each landscape. Along each transect, I took five ribbon clippings per ASU, and 
within 0.5 m of the ASU-matrix interface. The number of ASUs sampled per landscape [6.81 ± 
3.24 SD] differed based on percent cover and configuration. Landscapes experienced different 
rates of burial under sediments during my experiment, which altered initially uniform canopy 
heights across landscapes. Each ASU ribbon was randomly selected and clipped at the sediment 
surface then measured to approximate above-sediment landscape canopy height. In the lab, 




500˚C to determine ash content (Peterson and Heck, 2001). Ash-free dry epiphyte biomass 
(hereafter "epiphyte biomass") was calculated as dry weight – ash weight, then divided by the 
surface area of the ribbon to obtain standardized epiphyte biomass (mg cm-2).  
Statistical analyses 
Preliminary Pearson pairwise correlation analyses reveal that no faunal community 
differences were observed between shoal environments, as determined a lack of difference in 
faunal densities and settlement rates sampled in replicate 60%-0.59 sites (one on each shoal). 
Therefore, data for these two sites were pooled for further statistical analysis to give one 
landscape replicate per pairing of landscape percent cover treatment and fragmentation per se 
treatment (i.e., the interaction term, percent cover × fragmentation per se). However, I note there 
were differences in site burial rates under sediments giving statistically different canopy heights 
(but not epiphyte biomass) between replicate 60%-0.59 sites (paired two-sample t-tests, 
Appendix 3: Table A3.2) 
 To determine how landscape parameters influenced seagrass faunal communities, I used 
generalized linear models (GLMs) with normal, negative binomial, or Poisson error distributions 
as appropriate for each response metric (using car, MASS, and lmtest packages in R v3.6.2; 
Venables and Ripley, 2002; Zeileis and Hothorn, 2002; Fox and Weisberg, 2019; R Core Team, 
2019). Predictor variables were landscape percent cover, fragmentation per se (coded as a 
continuous variables), and their interaction (percent cover × fragmentation per se). Response 
variables for faunal densities included faunal catch per unit effort (CPUE; a common proxy for 
density) from minnow traps (no. trap-1), fish CPUE in DIDSON recordings (total fish counted in 
10 sampled frames, no. video-1), were examined at each sample location (i.e., largest patch, 




SMURFs (number of settlers collected over 48 h, no. SMURF-1), as well as the Shannon-Weiner 
diversity index of the SMURF and minnow trap catch. Diversity was calculated for the summed 
number of individuals per species collected in the largest patch of each landscapes for SMURFs 
and the summed number of individuals per species collected in the largest patch and near patch 
positions in each landscape for minnow traps (interpatch samples were not included as 0.59 
percolation probability landscapes were not sampled). I also examined the influence of landscape 
percent cover only (see Hurricane Florence section below) on squidpop consumption at 1 h 
using binomial logistic regression. I focus my results in the main text on faunal densities 
(collectively referring to faunal and fish CPUEs) taken within the largest patch location to allow 
for better comparison to settlement rates, consumption assays, and fine-scale complexity metrics 
all also sampled in the largest patch. I present results for faunal densities sampled in matrix 
locations within the supplemental material.  
 To determine whether landscape parameters or fine-scale complexity metrics (i.e., 
canopy height, epiphyte biomass) had relatively more important influences on faunal densities or 
settlement rates, I only examine July samples taken within the largest patch of each landscape, 
because this was the only month and location where all faunal sampling methods overlapped 
with ribbon sampling. I used GLMs with negative binomial error distributions for models of fish 
CPUE and settlement rates, and a normal error distribution for the model of faunal CPUE, as I 
took the mean CPUE of two traps placed in each landscape during July. Predictor variables were 
landscape percent cover, fragmentation per se, the interaction term (percent cover × 
fragmentation per se), mean landscape canopy height, and mean landscape epiphyte biomass. 
Further, I calculated the partial pseudo-R2 of each predictor variable to determine the relative 




fine-scale parameter (using the rsq package; Zhang, 2021). 
 To assess whether settlement patterns drive juvenile faunal densities across landscapes, I 
used pairwise correlation analysis for catch rates from SMURFs and traps from which taxa 
identification was possible. Time lags were used to attempt to capture potential intervals by 
which fauna grow from settler to juvenile stages, therefore correlating catch rates of the same 
cohort. For genera that had sufficient sample sizes in both SMURFs and traps, I correlated 
counts with no time-lag (e.g., June settlers to June juveniles), a one-month lag (e.g., June settlers 
to July juveniles), and a two-month lag (e.g., June settlers to August juveniles).  
Hurricane Florence 
My study area and artificial landscapes were directly impacted by Hurricane Florence 
during 13-16 Sept 2018. Despite ASU re-enforcements made prior to Florence's landfall (i.e., 
additional lawn staples and cable ties), my landscapes experienced substantial disturbance, in 
many cases completely removing or burying ASUs that altered the landscape percent cover and 
fragmentation per se parameters. 
Trap and DIDSON samples were taken both before and after Florence. Due to 
considerable landscape parameter alterations over this timeframe and potentially confounding 
disturbance influences, I ultimately excluded post-Florence faunal densities from analysis (Table 
3.1). The only analysis that includes post-Florence data is that of squidpop assays, which were 
only conducted after Florence. For this analysis, post-disturbance landscape percent covers (but 
not percolation probabilities) were recalculated based on ASU-by-ASU checks made after 
Florence (holding the original landscape footprint, 234 m2, constant) (Appendix 3: Fig. A3.2).  
Therefore, only the influence of post-disturbance landscape percent cover was examined for the 





Habitat percent cover and fragmentation per se effects on faunal densities and consumption 
Trap-based faunal CPUEs within artificial seagrass were ~3-times higher than in the 
within-landscape matrix (i.e., near patch and inter-patch positions) (t = 8.60, DF = 295.02, P < 
0.0001). Further separate examination of the three landscape sampling positions showed 
additional differences in faunal responses to landscape parameters within ASU and matrix 
habitats. Faunal CPUE in the largest patch was only strongly influenced by landscape percent 
cover (Est. = 1.02, P = 0.02; Table 3.2), with CPUE roughly doubling as landscape percent cover 
increased from 10% to 60% (Fig. 3.2). Within both matrix positions, faunal CPUEs were 
influenced by the interaction of landscape percent cover and fragmentation per se (near patch 
Est. = 1.06, P = 0.07; interpatch Est. = 0.91, P = 0.06; Appendix 3: Table A3.3). However, 
faunal CPUEs in these positions were influenced by the interaction effect in different patterns. In 
the near patch position, relatively higher CPUEs were observed in both high percent cover – low 
fragmentation per se landscapes (i.e., large-continuous) and low percent cover – high 
fragmentation per se landscapes (i.e., small-patchy) (Appendix 3: Fig. A3.3a). Alternatively, 
within the interpatch position, faunal CPUEs were highest in large-patchy landscapes (Appendix 
3: Fig. A3.3b). 
In contrast to trap-based faunal sampling, DIDSON videos in artificial seagrass and 
matrix positions did not capture statistically different numbers of fish (t = -1.37, DF = 97.66, P = 
0.17). Correspondingly, neither habitat percent cover, fragmentation per se, or their interaction, 
strongly influenced fish CPUE within largest patch (Table 3.2; Fig. 3.3). Similarly, fish CPUE 
was not influenced by landscape parameters or interactions in either the near patch (Appendix 3: 




Community-level generalist consumption rates (indexed by the probability of squidpop 
consumption) exhibited a strong positive relationship to post-disturbance (Hurricane Florence) 
landscape percent cover (Est. = 0.02 ± 0.006 SE; Odds ratio = 1.02; P <0.0001) (Fig. 3.4). The 
probability of squidpop consumption at 1 h increased by roughly 45% across post-disturbance 
landscapes ranging from 1% to 60% cover.  
Settlement rates as a driver of faunal densities across landscapes 
Settlement rates in SMURFs were not strongly influenced by either landscape parameter 
or their interaction (Table 3.2). However, patterns of variation in settlement rates with each of 
landscape percent cover and fragmentation per se (Fig. 3.5), seem to be the opposite of patterns 
observed for trap-based faunal CPUEs (Fig. 3.2). 
Three genera were caught in sufficient sample sizes as both settlers and juveniles (in 
SMURFs and traps, respectively; Appendix 3: Table A3.4), to assess whether taxa-specific 
settlement rates are correlated with juvenile faunal densities in this system. Callinectes spp. 
settler and juvenile CPUEs did not correlate across landscapes for any of the examined time lags. 
Lutjanus spp. settlement showed a weak positive correlation to juvenile CPUE across landscapes 
after a two-month lag. Stephanolepis spp. settlement weakly negatively correlated to juvenile 
CPUE with no time lag, and weakly positively correlated to juvenile CPUE after a two-month 
time lag (Table 3.3). 
Faunal community diversity  
The Shannon-Weiner diversity index for settler communities in SMURFs was not 
significantly influenced by either landscape parameter or their interaction (Appendix 3: Table 
A3.5). By contrast, the diversity of trap-caught fauna was influenced by the interaction of 




A3.5). With some variability, relatively higher faunal diversity tended to occur in landscapes that 
were both large and continuous and small and fragmented (Fig. 3.6).  
Landscape parameter versus fine-scale complexity effects on faunal communities 
July faunal CPUEs in the largest patch of each landscape were only significantly 
positively influenced by landscape percent cover (Est. = 0.10, P = 0.04) with 20% of the 
variance in faunal CPUE explained (Table 3.4). In contrast, faunal CPUE was not strongly 
related to mean ASU canopy height (partial R2 = 0.06, P = 0.28) or mean epiphyte biomass 
(partial R2 = 0.03, P = 0.42) (Table 3.4). July DIDSON videos revealed that fish CPUE was not 
strongly related to either landscape parameter or fine-scale complexity metric (Table 3.4). 
Landscape percent cover was the only predictor variable with a positive partial R2 (0.02), 
indicating that all other predictor variables (with negative partial R2) were relatively worse 
predictors of fish CPUE than landscape percent cover (acknowledging that percent cover only 
explains 2% of fish CPUE variance). Finally, July settlement rates in SMURFs were negatively 
affected by canopy height (Est. = 0.98, P = 0.03, partial R2 = 0.11; Fig. 3.7a), yet not strongly 
influenced by epiphyte biomass (Est. = 0.94, P = 0.47, partial R2 = 0.20; Fig. 3.7b). Both fine-
scale complexity metrics explained more variance in settlement rates than either landscape 
parameter or their interaction (Table 3.4).  
 
Discussion 
Controlled, landscape-scale field experiments suggest that habitat percent cover was a 
more important driver of faunal densities than fragmentation per se. Landscapes of higher 
percent cover also supported higher generalist consumption rates (indexed by squidpops), 
suggesting that landscapes with more total primary habitat area may serve as important foraging 




faunal CPUEs and (DIDSON-based) fish CPUEs suggest the magnitude of the influence of 
landscape percent cover depends upon the degree to which the target community readily utilizes 
mudflat matrix habitat interchangeably with seagrass (i.e., is matrix-tolerant), as this can greatly 
reduce faunal sensitivity to habitat fragmentation (Dixo and Metzger, 2010). Notably, faunal 
settlement patterns did not appear to be a strong driver of juvenile faunal densities across 
seagrass landscape configurations. Although landscape-scale influences on settlement patterns 
are unclear in this study, my results may demonstrate evidence that fine-scale complexity 
generated by epiphyte growth may modulate settlement rates. Alternatively, fine-scale 
complexity had no apparent influence on juvenile and adult faunal densities. It is more likely that 
post-settlement processes, such as abundance-area relationships, ecological niche availability, 
and variable consumption rates are more important or direct drivers of trends in overall faunal 
community structure across seagrass landscapes. Finally, although landscape percent cover had 
more consistent effects on faunal density, percent cover and fragmentation per se have important 
interactive influences on community diversity (Fig. 3.6). Fragmentation per se may play an 
important role in stabilizing communities within low percent cover landscapes, through the 
increase in ecological niche spaces within heterogenous habitat mosaics. 
Faunal densities within artificial seagrass, were more consistently and positively 
influenced by landscape percent cover than by fragmentation per se or fine-scale complexity 
(Table 3.2, 3.4). Direct relationships between faunal density and habitat area regardless of habitat 
configuration (i.e., fragmentation per se) (Fig. 3.2) are generally observed across ecosystems. 
For instance, in both terrestrial and marine vegetative habitats, habitat area loss generally has 
large negative effects on biodiversity metrics, including species richness, abundances, and 




and Bevers, 2002; Boström et al., 2006; 2011; With and Puvak, 2012; Fahrig, 2013; Haddad et 
al., 2015). Further, my findings regarding faunal density responses to habitat area also show 
agreement with previous studies of natural seagrass communities. Within Back Sound, NC, 
Yeager et al. (2016) found that fish densities were strongly positively related to seagrass area 
across natural landscapes, regardless of patch number (i.e., fragmentation per se), as in my 
experimental study. In addition to faunal CPUEs, although not statistically clear, fish CPUEs 
also exhibited a weak positive relationship to landscape percent cover. I also note that although 
July fish CPUE was not significantly influenced by landscape percent cover, this predictor 
variable was the only landscape- or fine-scale habitat parameter included in the model, that 
explained any portion of variance in fish densities (though admitted only 2%; Table 3.4). 
Alternatively, with regards to fragmentation per se influences on community structure, 
my experimental findings do not show agreement with natural seagrass surveys in this system. 
While my study revealed no strong faunal or fish CPUE relationships with landscape patchiness 
(Fig. 3.2, Fig. 3.3), pervious work has indicated that fish densities have a negative relationship to 
the number of patches within a landscape regardless of total seagrass area (Yeager et al., 2016). 
These differences in the strength of observed fragmentation per se effects suggests that the 
independent influence of habitat patchiness often has more variable, much weaker, or no effect 
on faunal communities, as compared to more consistent negative area loss effects (Fahrig, 2003).  
The sampling of faunal communities across primary and matrix habitats within a 
landscape, as opposed to only within primary habitat patches, can improve understanding of 
density responses across heterogeneous habitat mosaics (Laurance, 2008) stemming from 
differences in habitat utilization. Fauna that disproportionately utilize one habitat over the other 




and matrix habitat (Evans et al., 2017). In seagrass systems, highly mobile benthopelagic fish 
may use primary and matrix habitat more briefly or interchangeably, suggesting a high degree of 
matrix-tolerance (Dixo and Metzger, 2010; Williams et al. 2016; Yeager et al., 2016). By 
contrast, epibenthic fish and invertebrates more heavily often rely upon structured habitat for 
predation refuge or foraging habitat, therefore, may be less matrix-tolerant (Hovel and Lipcius, 
2001; Dixo and Metzger, 2010; Ljungberg et al., 2013).  
Observed differences in faunal density responses to landscape configurations between 
trap-based and DIDSON-based sampling methods are suggestive of differences in relative 
matrix-tolerance between the two communities sampled (Table 3.2). Mobile benthopelagic fish 
seen in DIDSON recordings moved across visible primary and matrix habitats quickly, 
exhibiting real time observable matrix-tolerance. In addition, fish CPUEs were similar among 
artificial seagrass and matrix sampling positions and were strongly influenced by landscape 
parameters. Alternatively, trap-based faunal CPUEs were lower in matrix than artificial seagrass 
samples, and captured a wider range of epibenthic taxa, including fishes, crabs, shrimp, and 
gastropods. In addition, within seagrass and matrix habitats, faunal CPUEs were most often 
elevated in landscapes of higher percent cover (due to an independent or interactive landscape 
parameter effect; Fig. 3.2; Appendix 3: Table A3.3, Fig. A3.3), suggesting that traps may better 
sample fauna that prefer structured over unstructured habitat (Yeager et al., 2016). These 
differences illustrate that matrix-tolerance may considerably change faunal sensitivity to habitat 
configuration and degradation (Dixo and Metzger, 2010). However, I do note that neither fish 
nor faunal CPUEs were strongly influenced by fine-scale structural complexity or differed 
between habitats of the same area and configuration (i.e., the two replicate 60%-0.59 sites), 




suggest that even when habitat area and patchiness are held constant, seagrass fine-scale 
complexity still may not have a strong effect on mobile faunal densities at landscape scales. By 
contrast, I note that low mobility fauna and infaunal densities are strongly positively affected by 
fine-scale complexity and lack influence from landscape-scale parameters (Yeager et al., 2019).  
Larval settlement in marine systems is highly variable and dependent upon numerous 
physical and biological factors in addition to habitat configuration (Jackson 1986; Morton and 
Anderson, 2013). My study found that settlement rates in SMURFs (Fig. 3.5) exhibited no strong 
relationships to landscape percent cover or fragmentation per se. However, patterns of settlement 
rates across landscapes were directionally opposite of parameter influences observed for trap-
based faunal CPUEs (Fig. 3.2). Regardless of the underlying mechanism of landscape-scale 
variation in settlement (which is unclear in my experiment), this mismatch in landscape-scale 
patterns and the lack of strong correlation between settler and juvenile counts within genera at 
any time interval (Table 3.3), suggests that settlement was not strong driver of faunal density for 
several abundant taxa in this system. Moreover, I did not detect evidence for differences in 
settlement-driven juvenile densities among cryptic epibenthic species (i.e., Callinectes spp., 
Stephanolepis spp.) and more mobile benthopelagic species (i.e., Lutjanus spp.) (as did Yeager et 
al., 2016). This may suggest that post-settlement processes, such as juvenile and adult habitat 
utilization and predation rates, are stronger drivers of faunal distributions across landscapes than 
settlement patterns (Eggleston et al., 1998; Carroll et al., 2012; Williams et al., 2016).  
However, settlement patterns my study showed some small-scale support of the 
settlement shadow hypothesis (Orth, 1992), which suggests that settlement of current-carried 
larvae incrementally decreases as water flows across structurally complex habitats. Support for 




sampled at the rough center of the largest patch in each landscape) and mean canopy height (Fig. 
3.7a). Perhaps ASUs with taller canopies (relatively unburied by sediment), were better larval 
catchment devices than the SMURFs. Further, one study using SMURFs in seagrass found that 
biofouled SMURFs were better at recruiting certain fish species than unfouled SMURFs 
(Tavernetti et al., 2009). In this study, I only allowed SMURFs to remain in the field for 48 h at a 
time, preventing significant SMURF fouling, and potentially reducing settlement in SMURFs 
relative to more fouled ASUs (with high epiphyte biomass). However, I acknowledge the 
negative relationship between settlement rates in SMURFs and ASU epiphyte biomass was 
exceedingly weak. Further study, directly sampling ASUs or placing SMURFs closer to seagrass 
edges (i.e., potentially reducing settlement shadow effects) may be needed to better discern 
patterns of faunal settlement across landscape configurations.  
Faunal density is one aspect of community structure often influenced by habitat loss, yet 
species diversity can reveal more about ecosystem functions and dynamics across habitat 
configurations. Further examination of the faunal communities at settlement and post-settlement 
life stages indicated that juvenile/adult faunal diversity (i.e., fauna from traps only) was 
influenced by the interaction landscape parameters (Fig. 3.6). Faunal diversity was generally 
increased in landscapes of high percent cover and low fragmentation per se, and in landscapes of 
low percent cover and high fragmentation per se. The former has long been supported by 
species-area relationships (Connor and McCoy, 1979), island biogeography (MacArthur and 
Wilson, 1967), and the SLOSS debate (Diamond, 1975), which describe the ability of large 
continuous habitats to recruit and support high biodiversity. Alternatively, the observed high 
diversity in patchy landscape configurations supports hypotheses that the mosaic of habitat types 




Resasco et al., 2018) and facilitates the persistence of competing species (Fahrig, 2003; Klapwijk 
et al., 2011; Youngentob et al., 2012).  
In addition to large-continuous landscapes supporting high diversity (Fig. 3.6), 
landscapes of high habitat percent cover also exhibited relatively high generalist consumption 
rates (Fig. 3.4) and higher faunal densities (Fig. 3.2). Considering that faunal densities and 
predation rates are often spatiotemporally correlated, these matching trends of high faunal 
density, diversity, and consumption pressure suggest that larger landscapes are hotspots of 
trophic transfer (i.e., areas that support high consumer-resource encounter rates) (Yarnall and 
Fodrie, 2020). On the other hand, while low percent cover landscapes have lower faunal 
densities (Fig. 3.2) and relatively lower consumption pressures (Fig. 3.4), small and patchy 
landscapes are yet able to retain relatively high diversity (Fig. 3.6). These results combined show 
that a sparsely distributed, diverse community can persist in small and patchy landscapes. These 
landscapes may serve as predation refugia by reducing consumer-resource (e.g., predator-prey) 
encounter rates (Martinson and Fagan, 2014). This hypothesis is supported by previous studies 
that suggest fragmented landscapes enhance the persistence of predator-prey systems by 
providing temporary refuge for prey (Hovel and Lipcius, 2001; Ljungberg et al., 2013). This 
tradeoff in landscape parameters may produce a tradeoff in ecosystem services provided (i.e., 
foraging grounds versus predation refugia). 
My study provides a useful framework for parsing the proximate and ultimate 
mechanistic drivers of fragmentation effects on faunal communities. Additionally, my findings 
regarding the independent and interactive effects of habitat area and patchiness on faunal 
community structure and function have important implications for understanding and combating 




particularly important for seagrass systems, as meadows will likely continue to experience 
fragmentation and habitat loss from climate change (Micheli et al., 2008; Waycott et al., 2009) 
and anthropogenic disturbances (Orth et al., 2002). My findings largely agree with previous work 
which indicates that habitat area loss most often negatively influences marine faunal densities 
(McCauley et al., 2015). This experiment also lends support to an emerging hypothesis that 
fragmentation per se effects often appear to have no strong influence faunal communities 
(Fahrig, 2003). Yet in some cases, habitat patchiness can exhibit a positive influence (Fahrig, 
2017), in this case by interactively increasing faunal diversity in landscapes of low seagrass area. 
As such, habitat conservation, restoration, and recovery efforts, which often give primary focus 
to maintaining or increasing seagrass area (Orth et al., 2006), should not discount the utility of 
protecting and restoring small and patchy landscapes. Although small landscapes may be less 
densely occupied by fauna, small and patchy landscapes perform essential community-stabilizing 
roles needed to maintain estuarine nursery functions and ecosystem biodiversity. 
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Table 3.1 Schedule, sample size, and sampling location of gear deployments in 2018. Numbers 
in parentheses indicate faunal density samples post-Florence (13-16 Sept) excluded from 









Table 3.2 Negative binomial GLM results for faunal CPUE (no. trap-1), fish CPUE (no. video-1), 
settlement rate (no. SMURF-1) within the largest patch of each landscape, predicted by landscape 
percent cover (P), fragmentation per se (F) and their interaction (P x F). Parameter estimates and 
95% confidence intervals (CI) [lower limit, upper limit] are given on the response scale 
(exponentiated GLM coefficients). 
Month SMURFs Minnow Traps DIDSON Squidpops 
  ASUs ASUs Matrix ASUs Matrix ASU edges 
Jun 176 52 46 - - - 
Jul 44 52 46 25 46 - 
Aug 59 52 46 - - - 
Sept - - 46 25 44 - 
Oct - (60) - (26) - 203 
Nov - - - - - 203 
Response 
variable  Predictor variable DF 
Parameter 
estimate  95% CI  P 
Faunal 
CPUE 
Intercept   2.00 [1.06, 3.75] 0.03 
Percent cover (P) 1 1.02 [1.00, 1.03] 0.02 
Fragmentation per se (F) 1 1.35 [0.27, 6.81] 0.72 
P × F 1 0.97 [0.94, 1.01] 0.19 
Residual 151       
Fish 
CPUE 
Intercept   7.79 [2.49, 26.27] <0.001 
Percent cover (P) 1 0.99 [0.96, 1.02] 0.61 
Fragmentation per se (F) 1 0.32 [0.02, 5.89] 0.46 
P × F 1 1.05 [0.97, 1.13] 0.21 
Residual 45       
Settlement 
rate 
Intercept   2.40 [0.67, 9.52] 0.14 
Percent cover (P) 1 0.99 [0.95, 1.02] 0.43 
Fragmentation per se (F) 1 4.34 [0.16, 116.75] 0.33 
P × F 1 1.00 [0.92, 1.09] 0.95 




Table 3.3 Pearson pairwise correlation analysis of genera caught as settlers and juveniles in 
artificial seagrass landscapes. Settler counts were correlated to juveniles counts during the same 
month (no time lag), one month later (1-month lag), and two months later (2-month lag), to 
examine a potential temporal lag allowing settlers to grow to juvenile sizes sufficient for trap 
sampling. Genera Callnectes spp. include blue crabs (C. sapidus) and lesser blue crabs (C. 
similus), Lutjanus spp. include snappers, and Stephanolepis spp. include filefishes.  
 No time lag 1-month lag 2-month lag 
Taxa r DF P r DF P r DF P 
Callinectes spp. -0.01 75 0.90 -0.11 53 0.42 -0.15 38 0.37 
Lutjanus spp. -0.04 75 0.72 0.10 57 0.43 0.27 37 0.10 




Table 3.4 GLM results for mean faunal CPUE (no. trap-1) (normal error distribution), fish CPUE 
(no. video-1), settlement rate (no. SMURF-1) (negative binomial error distributions) within the 
largest patch of each landscape during July, predicted by landscape- and fine-scale habitat 
parameters. Parameter estimates and 95% confidence intervals (CI) [lower limit, upper limit] are 
given on the response scale (exponentiated negative binomial GLM coefficients).  
Response 








Intercept     -3.62 [-8.45, 1.22] 0.16 
Percent cover (P) 1 0.20 0.10 [0.01, 0.18] 0.04 
Fragmentation per se (F) 1 0.03 3.26 [-5.49, 12.02 0.47 
Canopy height 1 0.06 0.03 [-0.02, 0.07] 0.28 
Epiphyte biomass 1 0.03 0.17 [-0.23, 0.57] 0.42 
P × F 1 0.04 -0.11 [-0.32, 0.11] 0.35 
Residual 19         
Fish 
CPUE 
Intercept     0.50 [0.02, 9.85] 0.62 
Percent cover (P) 1 0.02 1.01 [0.96, 1.06] 0.79 
Fragmentation per se (F) 1 -0.01 0.40 [0.002, 72.89] 0.71 
Canopy height 1 -0.12 1.02 [0.99, 1.05] 0.14 
Epiphyte biomass 1 -0.01 0.99 [0.77, 1.29] 0.92 
P × F 1 -0.02 1.04 [0.92, 1.18] 0.53 
Residual 18         
Settlement 
rate 
Intercept     52.29 [7.72, 420.40] <0.001 
Percent cover (P) 1 -0.09 1.01 [0.97, 1.05] 0.65 
Fragmentation per se (F) 1 0.08 11.88 [0.31, 460.43] 0.17 
Canopy height 1 0.11 0.98 [0.96, 0.99] 0.03 
Epiphyte biomass 1 0.20 0.94 [0.81, 1.09] 0.47 
P × F 1 -0.01 0.95 [0.87, 1.05] 0.31 







Figure 3.1 25 unique 18-m × 13-m (234 m2 footprint area) landscapes generated along orthogonal 
axes of habitat percent cover treatment (area) and fragmentation per se treatment (percolation 
probability). Each landscape is marked with 2-3 symbols showing faunal sampling locations: the 
rough center of the largest patch ("largest patch", blue circles), 1 m away from the largest patch 
within the matrix ("near patch", red squares), and bisecting the largest interpatch distance 











Figure 3.2 Faunal (fish and invertebrate) CPUE (no. trap-1) [mean ± SE] in the largest patch of 
each landscape (percent cover × fragmentation per se), percent cover treatment, and 














Figure 3.3 Fish CPUE (no. video-1) [mean ± SE] in the largest patch of each landscape (percent 

















Figure 3.4 Binomial logistic regression of squidpop consumption (along ASU edges) at 1 h 
across post-Hurricane Florence landscape percent covers (Est. = 0.02 ± 0.006 SE; Odds ratio = 
1.02; P <0.0001) in October and November. Note data are staggered from visibility, all y-values 




















Figure 3.5 Fish and invertebrate settlement rate (no. SMURF-1) [mean ± SE] in the largest patch 
of each landscape (percent cover × fragmentation per se), percent cover treatment, and 










Figure 3.6 Juvenile/adult (trap-based) faunal Shannon-Weiner diversity index [mean ± SE] of 
each landscape (percent cover × fragmentation per se), percent cover treatment, and 











Figure 3.7 Negative binomial regression of settlement rates (no. SMURF-1) and (a) mean 







CHAPTER 4: SMALL AND PATCHY SEAGRASS LANDSCAPES SUPPORT A 
RECOVERING FISHERY SPECIES 
 
Introduction 
Habitat heterogeneity at the landscape scale encompasses numerous tightly covaried 
configuration features, which can each individually or interactively influence faunal population 
dynamics, community structure, and species interactions (Ewers and Didham, 2006; Haddad et 
al. 2015; Yeager et al., 2016). Fragmentation is an aggregate process by which landscapes 
become more heterogeneous as habitats are divided into more numerous, smaller, and isolated 
patches, potentially coupled with overall loss of habitat area (Fahrig, 2003). While the 
cumulative habitat changes inherent in fragmentation are widely accepted to have negative 
consequences for biodiversity and population persistence (Saunders et al., 1991; Dirzo and 
Raven, 2003) the independent influences of habitat loss versus fragmentation per se (i.e., 
increasing habitat patchiness, independent of habitat loss) are difficult to parse in natural systems 
and therefore are less well understood (Ewers and Didham, 2006; Fahrig, 2013; 2017). Although 
it appears that fragmentation per se seldom has strong independent effects on faunal 
communities (Fahrig, 2003), there are rare occasions when statistically and ecologically 
significant habitat patchiness influences are observed. As such, examinations as to whether these 
significant fragmentation per se influences on faunal communities across ecosystems are most 
often positive or negative, are currently at the forefront of landscape ecological research (Fahrig, 
2017; Fletcher et al., 2018; Fahrig et al., 2019).   




coastal marine systems, in reaction to the deterioration and decline of multiple structured habitats 
(Alongi, 2002; Gedan and Silliman, 2009; Waycott et al., 2009; Bostrom et al., 2011; Zu 
Ermgassen et al., 2012). Accordingly, the degradation of coastal seagrass meadows has become a 
global concern (Orth et al., 2006a) as they provide essential fish and invertebrate nursery habitat 
needed to support numerous fishery species (Beck et al., 2001). In the US mid-Atlantic, a 
dominant seagrass species, eelgrass (Zostera marina) has declined in coverage across its native 
range due to disease, hurricane- and wind-driven wave action disturbance, rising water 
temperatures, and reduced water quality conditions (Orth et al., 2010). For example, within a 
large case study system, Pamlico Sound, NC, the areal extent of submerge aquatic vegetation, 
including seagrass, has declined by 6% between 2006 and 2013. Further, over this timeframe 
20% of continuous vegetation has shifted toward patchier configurations (Field et al., 2021). 
Because patchy (i.e., fragmented) remnant seagrass meadows are becoming more common in 
this and other systems (NCDEQ, 2016; Field et al., 2021), there is a critical need to fill gaps in 
basic and applied understanding of how seagrass habitat area and fragmentation per se influence 
associated faunal population and community dynamics (Hovel and Lipcius, 2001; Bostrom et al., 
2006; Yeager et al., 2016).  
One particularly useful case study organism for the investigation of seagrass habitat 
configuration effects, with relevance to basic ecological discovery and practical applications for 
coastal habitat and fishery management needs, is a mobile, filter-feeding bivalve, the bay scallop 
(Argopecten irradians). Numerous populations of this seagrass-reliant species have experienced 
marked declines and fishery collapse along the US mid-Atlantic coast, due to both seagrass 
habitat loss and harmful algal blooms (Summerson and Peterson, 1990; Orth et al., 2006b; 




restoration, and recovery work, has revealed that scallop population dynamics may be impacted 
by potential predator community dynamics (Myers et al., 2007) and are sensitive to seagrass 
habitat characteristics at multiple spatial scales (Fegley et al., 2009; Fonseca and Uhrin, 2009; 
Oreska et al., 2017). Independent of habitat characteristics, areas of high scallop density (>10 m-
2; Peterson et al., 2001) and areas containing a large array of potential scallop predators (i.e., 
high potential predator density or species richness; Lefcheck et al., 2014) are likely scallop 
population-sinks, as indicated by low scallop survival. The influence of both scallop density and 
potential predator community structure requires further exploration across various seagrass 
landscape configurations to assess whether habitat configuration can mollify influences leading 
to population-sinks to promote scallop population persistence (i.e., preserving high density and 
survival).  
At each of landscape-, patch-, and fine-scales, there appear to be ecological trade-offs 
between habitat characteristics which promote high scallop densities (i.e., settlement, growth) 
versus high scallop survival rates, yet additional research would further contextualize these 
findings in a more holistic manner. For instance, over long timescales, landscapes with highly 
patchy configurations (i.e., high fragmentation per se) exhibit potentially higher scallop growth 
rates and markedly lower survival rates (due to predation) than landscapes with relatively more 
continuous configurations (i.e., lower fragmentation per se) (Irlandi et al., 1995). Similarly, at 
patch-scales, scallops experience edge effects (i.e., ecological differences between patch edges 
an interiors), such that seagrass patch edges exhibit higher scallop settlement and growth rates 
along with lower survival rates relative to patch interiors (Carroll et al., 2012; Carroll and 
Peterson, 2013). Although highly patchy landscapes tend to also have a higher proportion of 




habitat area) can modify scallop survival patterns at patch edges, where there are also habitat 
attributes which would increase scallop densities (Irlandi and Peterson, 1991; Bologna and Heck, 
1999). Furthermore, scallop distributions and survival rates may not be uniform across or within 
patches comprising a landscape, perhaps due to within-landscape patch position (i.e., 
inner/central versus outer-limit bordering). Finally, at fine-scales, seagrass canopy height and 
epiphyte biomass on seagrass blades, may further alter scallop densities and survival rates. The 
height at which juvenile scallops attach to seagrass blades with byssal threads (Thayer and 
Stewart, 1974), create further growth-survival trade-offs, increasing survival yet decreasing 
growth rates for scallops attached at heights elevated off the sediment floor (Pohle et al., 1991; 
Ambrose and Irlandi, 1992). It is also possible that areas of seagrass with high epiphyte biomass 
may attract more grazers, which in turn reduces juvenile scallop survival due to incidental 
ingestion along with epiphyte material (Eckman, 1987). It is unclear how these fine-scale 
complexity metrics (i.e., canopy height, epiphyte biomass) would moderate scallop survival and 
density at landscape scales, interactively with or independently of habitat configuration effects.  
 To examine the independent and interactive effects of seagrass landscape-scale habitat 
configuration effects on bay scallop demography (i.e., scallop survival and density), I conducted 
two manipulative experiments: scallop survival assays and cohort density surveys. These 
experiments where conducted within landscapes composed of artificial seagrass mimics in order 
to control for confounding habitat characteristics intrinsic in natural seagrass, such as shoot 
density, canopy height, and configuration. In addition, using inert materials, such as artificial 
seagrass, removes the influence of primary production and biological processes, allowing for 
more direct investigations of faunal responses to habitat structural components and 




scallop populations across seagrass habitat configurations, while changes in scallop cohort 
density represented a combination of scallop immigration/emigration and predation/natural 
mortality rates across habitat configurations. The first experiment consisted of scallop survival 
assays across nine unique artificial seagrass landscapes haphazardly placed in the field, to 
examine whether landscape percent cover (area), landscape fragmentation per se (i.e., 
percolation probability, patchiness), or initial scallop density independently or interactively 
influenced scallop survival in seagrass patch edges. In the second experiment, I surveyed scallop 
cohort densities across 16 artificial seagrass landscapes of four replicated treatments, to 
determine if scallop cohorts were independently and interactively influenced by landscape 
fragmentation per se (i.e., four levels of patchiness) or position within the landscape (i.e., 'inner' 
versus 'outer', defined below in Cohort density surveys section). In this case, I was not interested 
in examining scallop cohort density responses to habitat area effects independently and 
interactively (with fragmentation per se), as these effects on faunal densities are well studied in 
seagrass (Bostrom et al., 2006; Yeager et al., 2016; Yarnall et al., In review). For both 
experiments, I was also interested in whether fine-scale complexity (i.e., canopy height, epiphyte 
biomass) or potential predator community structure (i.e., density, species richness) varied across 
landscape treatments in such a way that could explain scallop survival or density patterns, or if 
they independently influenced scallop survival or density. 
 
Methods 
I conducted my study on Oscar Shoal in Back Sound, NC, USA (34°42′20"N to 
34°41′60"N, 76°36′ 15"W to 76°35′17"W) during the summers of 2018 (Experiment 1) and 2019 
(Experiment 2). This shoal is shallow (<0.5 m depth at low tide) and has large expanses of sandy 




and Halodule wrightii (shoal grass) (Yeager et al., 2016). Artificial seagrass units (ASUs) were 
constructed to mimic shoot density, width, and height of Zostera marina meadows in this system 
(Yeager et al., 2016). Each ASU was covered in green splendorette ribbon (0.5-cm width) 
"shoots" with two ~15-cm length "leaves". Shoots were uniformly spaced (450 m-2) and tied to 
~1-m2 bases of rigid black plastic VEXAR mats (0.86-m × 1.2-m, 2.5-cm mesh).  
Habitat area and fragmentation per se influences on scallop survival (Experiment 1) 
To examine fragmentation components independently and interactively, I generated nine 
unique 18-m × 13-m (234 m2) landscapes along two orthogonal axes of percent cover of the 
landscape footprint area (10%, 35%, 60%) and fragmentation per se (i.e., percolation probability: 
0.1, 0.35, 0.59), yielding one landscape per treatment interaction (e.g., "60%-0.59", hereafter 
sites will be named by this convention) (Fig. 4.1). Blueprints for landscape construction in the 
field were generated by a modified random cluster (MRC) method (Saura and Martinez-Millan, 
2000) using the randomHabitat function in the secr package in R (Efford, 2016). In using the 
MRC method, landscapes of low percolation probability exhibit low connectivity from one ASU 
to the next (i.e., are highly fragmented), which approaches a lower limit of realistic landscape 
fragmentation at percolation probability = 0.1 (Saura and Martinez-Millan, 2000). Additionally, 
patch cohesion is maximized (i.e., landscapes are continuous) when percent cover reaches ~60% 
and percolation probability approaches ~0.59 (Saura and Martinez-Millan, 2000). Therefore, I 
chose 60% cover and percolation probability = 0.59 as the upper limits of my landscape 
parameters, percolation probability = 0.1 as the fragmentation per se lower limit and a 
corresponding lower limit 10% cover, to allow for orthogonal landscape parameter treatments. 
For simplicity, landscape parameters will be hereafter described in the context of percent cover 




Landscapes were constrained to fall within 2% of the area input parameter and maintain 
consistent edge-to-area ratios within individual fragmentation per se treatment levels. Within an 
individual landscape defined by >1 seagrass patch, discrete patches of artificial seagrass were 
separated from one another by a minimum of 0.86-m (short length of an ASU) of sandy mudflat 
matrix habitat in all directions.  
Relative survival was measured using tethered juvenile bay scallops of initial shell height 
(SH) 3-5 mm, provided by the Castagna Shellfish Research Hatchery at The Virginia Institute of 
Marine Science, Eastern Shore Laboratory (VIMS ESL) in Wachapreague, VA. Scallops were 
stored in indoor flow-through aquaria until use in survival assay trials, therefore scallops grew to 
[mean ± SD] SHs of 9.49 ± 1.59 mm in July, 18.69 ± 3.86 mm in August, and 24.94 ± 3.36 mm 
in September. I note that tethering cannot be used to determine absolute predation rates, as 
tethered prey have restricted flee potential, generally raising the incidence of apparent predation 
(Peterson and Black, 1994). However, in this case, bay scallops in this size range tend to 
naturally "tether" themselves with byssal threads to seagrass blades to avoid predation or burial 
in sediments (Thayer and Stuart, 1974; Ambrose and Irlandi, 1992). Therefore, tethering may be 
a less artifactual predation survival assay for this species and life stage (Irlandi et al., 1995). The 
ventral shell of a scallop was affixed to the knotted end of 10-cm segment of 12-lbs test 
monofilament using glue (active ingredient cyanoacrylate) and pressed into a shell ridge under a 
small tab of duct tape. Tethered scallops were attached to 30-cm lawn staples. Once tethered, 
scallops were held overnight as a check for attachment integrity, and then deployed across the 
landscapes on the following day. 
To examine whether habitat configuration could mediate negative relationships between 




were deployed in low (1x = 4 or 5 m-2) and high (6x = 24 or 30 m-2) density treatments in 
randomly selected edge ASUs during each five 24-h survival assay trials from July to September 
of 2018 (x was chosen based on scallop availability). Edge ASUs were operationally defined as 
having ≥1 full side bordering sand-flat matrix, such that any scallop would be roughly ≤1-m from 
the surrounding sandy/muddy matrix (sensu Bologna and Heck, 1999). During the first trial 
when scallops were smallest, high predation rates were observed after 24 h, therefore for each of 
the following trials, scallops were also checked at 2 h and 6 h. However, upon preliminary 
analysis, I found that across trials, predation rates after 2 h and 6 h were too low to provide 
resolution among landscape treatments; therefore, only results for cumulative survival after 24 h 
will be presented. During each check, observers snorkel surveyed tethers (easily located by a 
small, bright knot of flagging tape on each lawn staple) and recorded the number of live and dead 
scallops per treatment. Dead scallop shell condition (i.e., missing, chipped, crushed, whole shell, 
half shell) counts were also recorded. During the first survival assay trial, ten dead scallop shells 
(valves glue shut) were tethered and deployed as an additional tether integrity control. However, 
I found that dead controls were depredated (evinced by crushed shells) at similar rates to live 
scallops. For all subsequent trials, dead scallop tethers were deployed within cages, to prevent 
depredation (live scallops were not used in cages due to availability). Cages were constructed 
from a cuboid PVC pipe frame (0.57-m × 0.57-m × 0.3-m) covered by rigid black plastic 
VEXAR (0.25-cm2 mesh). Tether failure seen in cages was rare (7 occurrences total, <2% of all 
control tethers) therefore no adjustments to scallop recovery rates were necessary. In addition, 
although scallops missing from tethers were common in this study and previous studies (Irlandi 




Fragmentation per se influences on scallop cohort density (Experiment 2) 
 During the summer of 2019, ASU landscapes were redeployed on Oscar Shoal. For this 
experiment 16 landscapes consisted of four replicates each of four fragmentation per se 
treatments (Fig. 4.2), as I was not interested in habitat area influences on scallop cohort density 
for this study. Treatment levels consisted of three levels of patch number (i.e., single-patch, 12 
patches, 24 patches). Between 12-patch and 24-patch treatments (Fig. 4.2b-d), differences in 
landscape configuration can either be achieved by varying interpatch distances or total habitat 
footprint. Therefore, I used two 12-patch configuration treatments to consider these covariates 
separately, as indicated by footprint sizes (i.e., large, small; Fig. 4.2b, c). All ASU landscapes 
were ≥50 m apart from each other and ≥30 m from natural seagrass patches >3 m in diameter. To 
examine the effect of within-landscape position on scallop densities, relative 'inner' and 'outer' 
positions were operationally defined differently for single- versus multi-patch landscape 
treatments. Within single-patch landscapes, ASUs that bordered sandy mudflat matrix were 
considered 'outer' positions, while 'inner' positions were defined by ASUs that only bordered 
other ASUs (Fig. 4.2a). Within multi-patch landscapes (Fig. 4.2b-d), 'outer' positions were 
patches that had no additional patches between them and the landscape footprint border. 'Inner' 
position patches were the most centrally located patches in the landscape. Within the 24-patch 
landscape treatment (Fig. 4.2d), four patches could not be classified as inner or outer, as they 
were neither central (in both the horizontal and vertical direction) nor bordering the landscape 
footprint, therefore these were considered 'neither'.  
 Freely mobile (i.e., not tethered) juvenile scallops of SH 43.05 ± 6.82 mm [mean ± SD] 
were placed at a consistent density (no. m-2) across ASU landscapes for three cohort density 




snorkeled to confirm that no scallops had immigrated from the surrounding shoal or remained 
from previous trials. Due to the isolation of these ASU landscapes, I was reasonably certain all 
scallops in these landscapes during the three trials were purposefully placed there (i.e., no 
substantial scallop movement occurred across ASU landscapes or immigration occurred from 
natural seagrass). For June and July trials, all scallops were collected from a nearby natural 
seagrass meadow, located across a deep boating channel from the experimental landscapes. 
During August, a homogenous mixture of scallops from two sources was used. Scallops were 
collected from the nearby meadow and scallops (of similar size) were provided by VIMS ESL 
(NC scallop descendants). Before scallop placement in experimental sites, all scallops were 
stored in outdoor flow-through aquaria for up to two weeks. During June and July trials, scallops 
were placed in all 16 ASU landscapes at an initial density of 1 m-2 (i.e., one per ASU). At the 
conclusion of the July trial, it was noted that landscapes along one shoal margin were becoming 
substantially buried under sediment due to wave/current action. Therefore, for the August trial, 
the number of treatment level replicates was reduced from four to three (to exclude buried 
replicates) and one single-patch replicate was rebuilt in a calmer area of the shoal. In addition, 
during the August trial, the initial scallop density was increased to 2 m-2 (i.e., two per ASU). 
During each trial, observers snorkel surveyed every ASU in each landscape at 24 h, 48 h, and 72 
h, and recorded the number of live and dead scallops per ASU. If scallops were found on sand 
within the borders of the landscape, their count was assigned to the nearest ASU. During the 
June trial, inclement weather prevented the 48-h snorkel survey. Due to several changes in 
experimental set up that were made between July and August trials, scallop cohort density survey 
analyses were performed separately for June-July and August trials. Hereafter, these will be 




Fine-scale complexity sampling (Experiment 1 and 2) 
To assess fine-scale habitat complexity influences on scallop demography, ASU ribbons 
were clipped at the sediment surface then measured to approximate landscape canopy height 
(altered by ASU burial). During July and September survival assay trials (Exp. 1), five ribbons 
were haphazardly selected from an edge ASU in each landscape. Edge ASUs were sampled to 
approximate canopy height along edges where scallop tethers were deployed. During each of the 
cohort density survey trials in 2019 (Exp. 2), five ribbons were haphazardly selected per 
landscape. For both experiments, epiphytes were scraped off each side of the ribbon in the lab. 
Epiphytes were first dried for 12 h at 60˚C, then burned for 4 h at 500˚C to determine ash content 
(Peterson and Heck, 2001). Ash-free dry epiphyte biomass (hereafter "epiphyte biomass") was 
calculated as dry weight – ash weight, then divided by the surface area of the ribbon to obtain 
standardized epiphyte biomass (mg cm-2).  
Potential predator sampling (Experiment 1 and 2) 
 To examine potential predator community structure (i.e., density, species richness) 
influences on scallop demography, I deployed baited (~8 pieces of dry dog food, Mahoney et al., 
2018) Gee-style minnow traps (41-cm long, 22-cm wide, 0.3-cm galvanized mesh-wire 
cylinders, with 4-cm diameter funneled openings) within ASU landscapes to accompany each 
trail of the survival assay and density survey experiments. During each survival assay trail (Exp. 
1), two traps were haphazardly deployed on ASUs in each landscape >1 m from any scallop 
tethers. During the first survival assay trial, traps were checked after 24 h. For all four 
subsequent tethering trials, traps were checked at 6 h, reset and checked at 24 h (i.e., after an 18-
h deployment). To standardize catch per unit effort (CPUE; a common faunal density metric), all 




(hereafter "density") after a 24-h deployment time. For scallop density surveys (Exp. 2), four 
traps were deployed in each landscape 24 h prior to scallop placement, to not disturb scallops. 
Two traps were haphazardly placed in inner and outer landscape positions (Fig. 4.2) and 
collected after 24 h. Any traps accidently placed in 'neither' positions (Fig. 4.2d) were excluded 
from further analysis. For both experiments, all trap-caught fauna were identified to the lowest 
taxonomic level possible, enumerated, and released. I consulted FishBase (Froese and Pauly, 
2020) to determine whether the diet of each trap-caught species could include scallops (i.e., 
potential scallop predators). If not, the species was excluded in further analyses.  
Statistical analyses 
To determine how landscape configuration treatments used in each experiment, as well as 
fine-scale complexity (i.e., canopy height, epiphyte biomass) and potential predator community 
structure (i.e., density, species richness), influenced scallop demography (i.e., survival, density), 
I used generalized linear mixed models (GLMMs). I performed likelihood ratio tests on GLMMs 
to determine the overall significance of categorical predictor variables (using car and lme4 
packages in R v4.0.3; Bates et al., 2015; Fox and Weisberg, 2019; R Core Team, 2020).  
For experiment 1 scallop survival GLMMs, the cumulative number of scallops in each 
status category (live vs. eaten) after 24 h was the binomial distributed response variable, and trial 
date (19-Jul, 3-Aug, 15-Aug, 22-Aug, 6-Sept) was the random intercept. For these analyses, I 
allowed the intercept to vary randomly for each trial as I was not interested in seasonal 
differences in predation rates or the potential influence of scallop size differences (due to scallop 
growth) across trails. To examine landscape and scallop density treatment effects on scallop 
survival, categorical fixed effects included percent cover treatment (10%, 35%, 60%), 




treatment (i.e., high, low), and all two- and three-way interactions. To determine whether fine-
scale complexity (i.e., canopy height, log10 transformed epiphyte biomass) or potential predator 
community structure (i.e., density, species richness) varied across landscape treatments in such a 
way that could explain patterns in scallop survival, I used GLMMs with normal and Poisson 
error distributions, for fine-scale complexity metrics and potential predator community structure 
metrics, respectively. I included landscape percent cover treatment, fragmentation per se 
treatment, and their interaction as fixed effects and trial date as the random intercept. In addition, 
to examine of independent influences potential predator community structure and fine-scale 
complexity on scallop survival, I used GLMMs which included either mean canopy height, mean 
epiphyte biomass, potential predator density, and potential predator species richness as predictor 
variables in individual models, with trail date as the random intercept. Only the first and last 
scallop survival assays (in July and September) were included in models examining the influence 
of fine-scale complexity, as these were the trials during which canopy height and epiphyte 
biomass were measured in each site. 
For each trail group analysis in experiment 2, scallop cohort density per ASU (i.e., no. m-
2) was included as a Poisson distributed response variable in GLMMs. For the June-July trail 
group, check interval (i.e., 24 h, 48 h, 72 h) nested within month (June, July) was included as the 
random intercept. For the August trail, only check interval was included as the random intercept. 
For both trail groups, categorical fixed effects included landscape fragmentation per se treatment 
(single patch, 12 patch – small, 12 patch – large, 24 patch), within-landscape position (i.e., inner, 
outer), and their interaction. As with experiment 1, in experiment 2 I also determined whether 
fine-scale complexity or potential predator community structure were influenced by landscape 




linear models (GLMs). To examine patterns in potential predator community structure across 
landscape fragmentation per se treatments, within-landscape positions, and their interaction, 
potential predator density (i.e., CPUE) and species richness were included as Poisson distributed 
response variables in individual models. However, fine-scale complexity was not sampled across 
positions within landscapes, so only landscape fragmentation per se treatment was included as a 
predictor variable for individual models for normally distributed response variables, canopy 
height and epiphyte biomass (log10 transformed). Finally, to examine the independent influence 
of fine-scale complexity and potential predator community structure on scallop cohort density, 
average scallop density per landscape after 24 h was included as the normally distributed 
response variable in each GLM. Separate, GLMs included either mean landscape canopy height, 
mean landscape epiphyte biomass, total landscape (summed across traps) potential predator 




Habitat area and fragmentation per se influences on scallop survival 
Scallop survival was significantly affected by the three-way interaction of landscape 
percent cover treatment, fragmentation per se treatment, initial scallop density (χ2 = 10.11, DF = 
4, P = 0.04; Table 4.1). Across survival assay trails, mean scallop survival was roughly 60-75% 
in low scallop denisty treatments within two landscapes with low and medium fragmentation per 
se treatments (percolation probability = 0.59 and 0.35) and low cover (10%) (i.e., sites 10%-0.59 
and 10%-0.35). The lowest scallop survival rate (20% survival) occurred within the high scallop 




treatment combinations yield a range of ~30-50% mean scallop survival (Fig. 4.3). 
Scallop survival was also significantly influenced by the interaction of landscape percent 
cover and fragmentation per se treatments (χ2 = 24.96, DF = 4, P <0.001), yielding 22-24% 
higher survival in these two low cover and low/medium fragmentation per se landscapes (i.e., 
10%-0.59 and 10%-0.35) as compared to a landscape of high cover and medium fragmentation 
per se (i.e., 60%-0.35) (Fig. 4.3). Low initial scallop density yielded 20% higher survival than 
did high density within low cover landscapes, yet there were no differences in survival among 
scallop density treatments in medium (35%) and high (60%) cover landscapes (χ2 = 11.99, DF = 
2, P = 0.002) (Fig. 4.3). However, the interaction of scallop density with fragmentation per se 
was not influential on survival (χ2 = 1.82, DF = 2, P = 0.40).  
Potential predator density and canopy height were both influenced by the interaction of 
landscape percent cover and fragmentation per se, while potential predator species richness was 
only influenced by landscape percent cover, and epiphyte biomass did not systematically vary 
across landscape treatments (Table 4.2). However, neither metric for fine-scale complexity or 
potential predator community structure were influenced in a pattern that matched scallop survival 
patterns across landscapes. Furthermore, scallop survival was not strongly influenced by ASU 
canopy height (Est. = 0.006, Odds ratio = 1.01, P = 0.253) (Fig. 4.4a) or species richness (Est. = 
-0.02, Odds ratio = 0.98, P = 0.750) (Fig. 4.4d). Scallop survival had a weak negatively 
relationship with potential predator density (Est. = -0.05, Odds ratio = 0.96, P = 0.087) (Fig. 
4.4c) and was strongly positively related to epiphyte biomass (Est. = 0.79, Odds ratio = 2.21, P 
<0.001) (Fig. 4.4b). 
Fragmentation per se influences on scallop cohort density 




fragmentation per se treatment (χ2 = 26.38, DF = 3, P <0.001; Fig. 4.5a), but not strongly 
affected by position within landscape (χ2 = 2.75, DF = 1, P = 0.10; Fig. 4.5b), or the interaction 
term (χ2 = 2.45, DF = 3, P = 0.48; Fig. 4.5c) (Table 4.3). Although across landscapes scallop 
cohort densities declined during each sequential check (i.e., 24 h, 48 h, 72 h) and ultimately were 
less than half the density of initial placement (i.e., 1 m-2), significantly higher mean (± SE) 
densities (across check intervals) were observed in 12 patch-small (0.38 ± 0.02 m-2) and 24 patch 
(0.32 ± 0.02 m-2) landscape treatments as compared to the single-patch treatment (0.26 ± 0.02 m-
2) (Fig. 4.5a). By contrast, during August, scallop densities were influenced by position within 
landscape (χ2 = 7.51, DF = 1, P = 0.006; Fig. 4.5e), but not by fragmentation per se treatment (χ2 
= 6.05, DF = 3, P = 0.11; Fig. 4.5d), or the interaction term (χ2 = 5.27, DF = 3, P = 0.15; Fig. 
4.5f). Once again, mean scallop densities across landscapes declined during each interval and 
ultimately were less than half the density of initial placement (i.e., 2 m-2), yet mean scallop 
densities were significantly higher in inner (0.74 ± 0.04 m-2) than outer (0.58 ± 0.02 m-2) 
positions across fragmentation per se treatments (Fig. 4.5e).  
Canopy height, as altered by burial under sediments, varied across fragmentation per se 
treatments during the June-July trial group, but not during August. Epiphyte biomass was 
influenced by fragmentation per se treatment during both the June-July and August trial groups 
(Table 4.4). Neither potential predator density or species richness varied across fragmentation 
per se treatments or positions immediately prior to scallop density trials (Table 4.4). In addition, 
none of the observed patterns of fine-scale complexity or potential predator community structure 
matched scallop density patterns across landscapes during either trial group. 
Scallop density after the first 24 h did not vary systematically with mean ASU canopy 




trail group, scallop densities were positively related to potential predator density (Est. = 0.02 ± 
0.03 SE; P = 0.04; Fig. 4.6e), such that across a range of 0 to 9 potential predators per site, mean 
scallop density increased by 30%. Alternatively, scallop densities were not strongly related to 
potential predator species richness (Table 4.5; Fig. 4.6g). During August, no strong relationships 
were seen between scallop densities and potential predator community structure (Fig. 4.6f, h). 
 
 Discussion 
Both of my manipulative landscape-scale seagrass configuration experiments suggest that 
both small (i.e., low cover) and patchy seagrass landscapes may serve as relatively more 
favorable habitat configurations for the persistence of bay scallop populations. After 24 h, 
juvenile scallops exhibited the highest survival rates (60-75%) when initial scallop densities were 
low (i.e., 4-5 m-2) within landscapes of low (10%) seagrass cover and had more continuous (i.e., 
low fragmentation per se) configurations (i.e., sites 10%-0.59 and 10%-0.35; Fig. 4.3). Despite 
having relatively more continuous configurations among the constructed landscapes, these two 
landscapes contained relatively smaller and more isolated seagrass patches, particularly as 
compared to a landscape with multiple large and more uniformly spaced patches (i.e., 60%-0.35), 
which had statistically lower scallop survival rates. Therefore, these two small and more 
continuous landscapes may be perceived, by potential scallop predators, as landscapes composed 
of small, isolated seagrass patches (Fahrig, 2013), which are potentially poorer foraging habitat 
(Micheli and Peterson, 1999). Similarly, during cohort density surveys (Exp. 2), in which 
landscape configuration treatments had consistent areas, scallop cohort densities, though overall 
decreased relative to initial placement densities, were either relatively higher in multi-patch 




surveys, I can infer that higher densities of freely mobile scallops were produced by some 
combination of relatively lower predation (i.e., higher survival) and lower scallop emigration, in 
some cases more apparently so within multi-patch landscapes (Bologna and Heck, 1999).  
Overall, my scallop survival assays exhibited much higher relative predation rates (i.e., 
overall mean survival was <50% after 24 h) than previous scallop tethering studies in natural 
seagrass, which observed 97% mean survival after 24 h, and did not observe the level of 
predation seen in this study until after four weeks (Irlandi et al., 1995). Yet the current study 
illustrates how landscape-scale seagrass configuration can modulate scallop loss rates at patch 
edges. Over similarly short timeframes, Irlandi et al. (1995) also found no difference in juvenile 
bay scallop survival rates across seagrass landscapes of variable patchiness (i.e., an independent 
influence of fragmentation per se). However, my survival assays did indicate that scallop 
survival was significantly increased in landscapes with relatively fewer, smaller, and more 
isolated patches. This result potentially contradicts a study which found that scallop survival over 
short time intervals in isolated seagrass patches was positively related to patch size (Irlandi et 
al.,1999). However, generally equivocal scallop survival rates across spatial scales (i.e., patch, 
landscape) when examined independently (Irlandi et al., 1995; 1999), may indicate that habitat 
features across multiple scales (i.e., fine-scale structural complexity, patch size or edge effects, 
landscape configuration) may be synergistically influential rather than one scale alone. Although, 
my study did not explicitly examine edge effects on scallop survival (i.e., differences between 
patch edges and interiors) as this was already well studied (Bologna and Heck, 1999; Carroll et 
al., 2012; Carroll and Peterson, 2013), I did observe that survival rates at patch edges could be 
enhanced in landscapes of low total seagrass area. In particular, in low cover landscapes of low 




compared to several higher cover landscapes (in particular, site 60%-35; Fig. 4.1). Matrix 
corridors may facilitate predators in the patrolling of seagrass patch edges, and therefore increase 
predation rates landscapes with high total-linear edge (Hovel and Lipcius, 2001; 2002), such as 
large (i.e., high cover), patchy landscapes. Therefore, I suggest that low cover seagrass 
landscapes, with relatively few patches, may not operate under the same governing drivers as the 
systems that have reported consistently decreased patch edge scallop survival rates (Bologna and 
Heck, 1999; Carroll et al., 2012; Carroll and Peterson, 2013).  
Although density surveys could not distinguish between scallop predation or movement, 
because scallop cohort densities decreased across all landscape replicates as compared to initial 
placement densities, one or both of predation and emigration rates likely drove observed 
differences among landscape treatments and within-landscape positions. As such, despite 
increased scallop survival in relatively continuous low cover landscapes (Fig. 4.3), scallop 
density surveys suggested that across landscapes of the same total area, multi-patch landscapes 
support scallop cohorts better or no differently from single-patch landscapes (Fig. 4.5a, d). 
Further, during both the June-July and August trial groups, scallop cohort densities did not 
significantly differ across the landscapes which had multi-patch treatments, therefore relatively 
higher fragmentation per se (i.e., 12 patch-small footprint, 12 patch-large footprint, 24 patch). 
This suggests that among patchy landscapes, neither patch number nor footprint or interpatch 
distance (Fig. 4.2b-d) strongly influenced patterns of scallop cohort density. The difference in the 
statistical clarity of fragmentation per se effects on scallop densities between the two survey trail 
groups, further suggests that habitat configuration at a single spatial scale may ultimately have 
equivocal effects on scallop population dynamics. However, the cohort density survey (as well as 




terrestrial and marine habitats, landscape fragmentation per se rarely has strong independent 
influences on faunal populations or communities (Fahrig, 2003). The density surveys also 
support the emerging trend that when fragmentation per se does have a significant independent 
influence (Fig. 4.5a) population responses are regularly positive (Fahrig, 2017).  
Interestingly, during August, scallop densities were influenced by relative position within 
a landscape, regardless of the fragmentation per se treatment, such that higher densities were 
better supported in inner within-landscape positions. This same pattern was observed during the 
June-July trail group, though not with statistical clarity. Scallops in outer positions could more 
easily emigrate from landscapes, however, outer positions may also provide increased food 
availability which would likely increase scallop utilization. As such, position effects on density 
may also be in part driven by predation rates (Bologna and Heck, 1999; Carroll and Peterson, 
2013). Within single-patch landscapes, which contained both edge (i.e., matrix bordering) and 
interior ASUs (i.e., ASU bordering only) (termed outer and inner in Fig. 4.2a), this would 
manifest as an edge effect. Therefore, higher scallop densities within the inner position, or 
interior, of a single-patch landscape potentially suggests that scallop predations rates are higher 
along patch edges (Bologna and Heck, 1999; Carroll et al., 2012). Within multi-patch 
landscapes, all ASUs bordered mudflat matrix (i.e., were edges), therefore inner and outer 
positions were defined by relative patch locations (Fig. 4.2). In multi-patch landscapes, the 
pattern remained that inner positions supported higher scallop densities. In this case, perhaps 
inner patches provided scallops the benefit of increased food availability at patch edges (Bologna 
and Heck, 1999; Carroll et al. 2012; Carroll and Peterson, 2013), as well as decreased predation 
as compared to outer patches. Although, evidence suggests that edge patrolling may be a 




(Irlandi, 1994; Irlandi et al., 1995), to my knowledge, few or no studies have examined predation 
or other community dynamics across relative patch positions within patchy landscapes. These 
density surveys suggest this could be particularly interesting aspect of landscape habitat 
configuration for future study.  
 In addition to landscape-scale habitat configuration impacts on scallop demography, I 
found that scallop survival rates were influenced by epiphyte biomass, one form of fine-scale 
complexity. Scallop survival at patch edges was strongly positively related to epiphyte biomass 
(Fig. 4.4b), possibly suggesting that increased epiphyte growth may provide predation refuge for 
scallops by reducing predator-prey encounter rates (Hovel and Lipcius, 2001; Yeager et al., 
2019; Norbury and Overmeire, 2019). By contrast, scallop survival rates were not related to ASU 
canopy height at patch edges (Fig. 4.4a). This suggests that while the height of scallop-seagrass 
blade attachment provides refuge from predators (Pohle et al., 1991; Ambrose and Irlandi, 1992), 
this form of predation refuge may not be influenced by the overall height of the canopy itself (at 
least in the ranges I observed). In addition, scallop densities were not systematically influenced 
by either canopy height or epiphyte biomass during density surveys (Fig. 4.6a-d). Therefore, 
scallops did not differentially utilize seagrass landscapes based on the ranges of canopy height or 
epiphyte biomass present.  
 The survival assays revealed that predation rates upon scallops may be more dependent 
upon scallop densities than on the density or species richness of potential scallop predator 
communities. Scallop survival rates were strongly negatively impacted in high (24-30 m-2) 
versus low (4-5 m-2) initial scallop density treatments, regardless of the landscape habitat 
configuration. This supports previous work which found that areas of high scallop density (>10 




sinks due to high rates of predation (Peterson et al., 2001). I also note that although potential 
predator community density and species richness significantly varied across landscape treatments 
(Table 4.2), patterns did not mirror patterns of scallop survival. Seagrass configuration at 
landscape-scales support different faunal community structures (Yeager et al., 2016), yet my 
survival assays suggest that this is independent of habitat configurations most conducive to 
predation on scallops. In fact, my cohort density surveys suggest that habitat patchiness and 
position within landscape had no strong effect on potential predator community density and 
species richness (Table 4.4), despite their influence on scallop cohort densities (Fig. 4.5). Only 
during the June-July trial group did I observe a positive correlation between scallop densities and 
potential predator densities (Fig. 4.6e). In this case, potential predator communities (which were 
sampled prior to scallop placement) may have been responding the same favorable conditions 
which supported higher scallop densities, yet not in a consistent pattern across landscape 
treatments or positions, as with scallops. 
 Overall, these two landscape-scale manipulative experiments examining habitat 
configuration influences on bay scallop population dynamics provide two conclusions which 
have applications to basic ecological investigations, as well as seagrass conservation and scallop 
restoration practices. Primarily, although previous research has often suggested that fragmented 
habitats are poorer habitat for prey population persistence (Saunders et al., 1991; Irlandi et al., 
1994; Dirzo and Raven, 2003), my experiments suggest that (1) seagrass landscapes containing 
small, relatively isolated patches may serve as predation refugia for the bay scallop, by reducing 
high scallop predation rates that often occur along patch edges (Bologna and Heck, 1999; Carroll 
and Peterson, 2013). Further, (2) independent of area effects, patchy landscapes can support 




patches within patchy landscapes may be favorable habitat for scallops. These patches 
potentially allow scallops to co-benefit from increased food availability at patch edges and avoid 
predators which may preferentially patrol the edges of patches located along the outer borders of 
landscapes. As such, community dynamics across relative patch positions within fragmented 
landscapes may be a particular interesting and useful aspect of landscape-scale habitat 
configuration that deserves further investigation. Finally, mine and previous experiments 
highlight that bay scallops respond to habitat characteristics across multiple spatial scales (i.e., 
landscape, patch, fine). In some cases, scallops may respond to characteristics at these scales 
independently, such as landscape habitat configuration versus fine-scale complexity. However, 
there is also evidence that landscape- and patch-scale effects may have synergistic influences on 
scallop survival or density. These multi-scale influences merit further attention to clarify 
seagrass habitat configurations most important for scallop population recovery efforts.  
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Table 4.1 Binomial GLMM likelihood ratio test results for landscape percent cover (P), 
fragmentation per se (F), and initial scallop density (D) effects on tethered juvenile scallop 














Table 4.2 GLM likelihood ratio test results for Experiment 1 (scallop survival assays). 
Landscape parameter treatment effects on fine-scale complexity and potential predator 
community structure. Bolded P-values indicate significance (α <0.05) 
Response variable Predictor variable χ2 DF P 
ASU canopy height 
Percent cover (P) 11.51 2 0.003 
Fragmentation per se (F) 11.84 2 0.003 
P × F 22.57 4 <0.001 
Log10(epiphyte 
biomass) 
Percent cover (P) 2.84 2 0.24 
Fragmentation per se (F) 2.33 2 0.31 
P × F 3.34 4 0.50 
Potential predator 
density 
Percent cover (P) 16.15 2 <0.001 
Fragmentation per se (F) 3.64 2 0.16 
P × F 13.55 4 0.01 
Potential predator 
species richness 
Percent cover (P) 7.20 2 0.03 
Fragmentation per se (F) 1.40 2 0.50 
P × F 3.38 4 0.50 
 
Predictor variable χ2 DF P 
Percent cover (P) 13.68 2 0.001 
Fragmentation per se (F) 1.99 2 0.37 
Initial scallop density (D) 5.75 1 0.02 
P × F 24.96 4 <0.001 
P × D 11.99 2 0.002 
F × D 1.82 2 0.40 




Table 4.3 Poisson GLMM likelihood ratio test results for fragmentation per se treatment (Frag) 
and within-landscape position (Pos) effects on juvenile scallop cohort densities (no. m-2) during 
each trail group (Experiment 2). Trial groups (i.e., June-July, August) are model separately. 
Bolded P-values indicate significance (α <0.05) 
Scallop density 
trial group Predictor variable χ2 DF P 
June-July 
Fragmentation per se (Frag) 26.38 3 <0.001 
Position (Pos) 2.75 1 0.10 
Frag × Pos 2.45 3 0.48 
     
August 
Fragmentation per se (Frag) 6.05 3 0.11 
Position (Pos) 7.51 1 0.006 
Frag × Pos 5.26 3 0.15 
 
 
Table 4.4 GLM likelihood ratio test results for Experiment 2 (scallop cohort density surveys). 
Landscape fragmentation per se treatment (Frag) effects on fine-scale complexity. Fragmentation 
per se treatment (Frag) and position within landscape (Pos) effects on potential predator 
community structure. Trial groups (i.e., June-July, August) are model separately. Bolded P-





variable χ2 DF P 
Mean landscape ASU 
canopy height 
June-July Frag 11.14 3 0.01 
August Frag 2.64 3 0.45 
Mean landscape 
epiphyte biomass 
June-July Frag 9.92 3 0.02 




Frag 0.38 3 0.95 
Pos 1.71 1 0.19 
Frag × Pos 1.99 3 0.57 
August 
Frag 6.50 3 0.09 
Pos 0.81 1 0.37 




Frag 1.58 3 0.66 
Pos 2.40 1 0.12 
Frag × Pos 1.96 3 0.58 
August 
Frag 4.85 3 0.18 
Pos 0.07 1 0.79 




Table 4.5 GLM results for Experiment 2 (scallop cohort density surveys). Fine-scale complexity 










group Predictor variable DF 
Parameter 
estimate SE P 
June-July 
Intercept  0.19 0.18 0.30 
Mean ASU canopy height 1 0.002 0.002 0.17 
Residual 30    
August 
Intercept   0.90 0.89 0.34 
Mean ASU canopy height 1 0.002 0.007 0.76 
Residual 9       
June-July 
Intercept  0.41 0.06 <0.001 
Mean epiphyte biomass 1 19.54 28.92 0.50 
Residual 30    
August 
Intercept   1.16 0.11 <0.001 
Mean epiphyte biomass 1 3.58 13.32 0.79 
Residual 8       
June-July 
Intercept  0.34 0.06 <0.001 
Potential predator density 1 0.03 0.01 0.04 
Residual 30    
August 
Intercept   1.10 0.19 <0.001 
Potential predator density 1 0.02 0.03 0.61 
Residual 10       
June-July 
Intercept  0.35 0.07 <0.001 
Potential predator species richness 1 0.04 0.03 0.12 
Residual 30    
August 
Intercept   1.44 0.19 <0.001 
Potential predator species richness 1 -0.08 0.05 0.18 







Figure 4.1 Survival assay (Experiment 1) landscape treatments. Nine unique 18-m × 13-m (234 
m2) landscapes generated along two orthogonal axes of habitat percent cover and percolation 
















Figure 4.2 Scallop density survey (Experiment 2) landscape treatments. Four 12-m × 10-m (120-
m2) landscape fragmentation per se treatments. Treatments have equal total ASU area (50-m2) 
but have (a) a single patch, (b, c) 12 patches, or (d) 24 patches. 12 patch treatments have (b) 









Figure 4.3 Mean cumulative survival (proportion) of tethered bay scallops after 24 h, in each 
scallop density treatment per landscape, percent cover treatment, and fragmentation per se 
treatment [mean ± SE]. Letters indicate differences (P <0.05) among landscape percent cover 
and fragmentation per se treatment levels, while * indicates a difference (P <0.05) between 







Figure 4.4 Binomial logistic regression (GLMM) relationships between cumulative survival 
(proportion) of tethered bay scallops after 24 h with each of (a) mean ASU canopy height (mm), 
(b) mean ASU epiphyte biomass (mg cm-2), (c) potential predator density (no. indiv. site-1), and 
















Figure 4.5 Mean scallop density (no. m-2) from June-July (top row) and August (bottom row) 
trial groups, across (a, d) four landscape fragmentation per se treatments and (b, e) two within 
landscape positions, and (c, f) positions within each landscape treatment. Letters indicate 
differences (P <0.05) between fragmentation per se treatments and positions, and * indicates a 











Figure 4.6 Mean scallop density (no. m-2) per landscape replicate after 24 h during the (top row) June-July trial group and the (bottom 
row) August trial group as a function of (a, b) mean ASU canopy height (mm), (c, d) mean epiphyte biomass (mg cm-2), (e, f) potential 




APPENDIX 1: CHAPTER 1 SUPPLEMENTAL INFORMATION 
 
CHAPTER 1: COMPARING EDGE AND FRAGMENTATION EFFECTS WITHIN 
SEAGRASS COMMUNITIES: A META-ANALYSIS 
 
Calculation of within-experiment variance (vi) 
For experiments that presented responses to fragmentation or edge effects separated by 
non-independent covariate levels (i.e., non-independent time or spatial replicates), individual 
measurements were treated as sacrificial pseudoreplicates in the calculation of the within-
experiment variance (vi) for each LRRi. All non-independent measurements in an experiment 











where j is the number of non-independent replicates within an experiment, Xi is the mean, and ni 
is the sample size of the ith replicate. The standard deviation (𝑆𝐷𝑙̅̅ ̅̅ ̅) for each 𝑋?̅?, equal to  
 
𝑆𝐷𝑙̅̅ ̅̅ ̅ =



















where l indicates the now independent 'samples' in the experiment, and m is the number of 
independent 'samples'.  
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Exploration of study descriptors as fixed factors in ME models of LRRs 
To explore the role of three commonly reported study descriptors – global region (i.e., 
North America, Asia-Pacific, Europe), seagrass type (i.e., natural, artificial), and taxa/guild (i.e., 
fish, invertebrates, nekton) – I included them as fixed factors (where applicable) in additional 
ME models of LRR for edge and fragmentation effect studies (using the rma.mv function, 
metafor package; Viechtbauer, 2010). Descriptors were included as fixed factors in ME models, 
if more than one level of the descriptor was included in the dataset (e.g., taxa/guild was included 
in models that examined total faunal density, but not those that examined fish density). For ME 
models with natural seagrass shoot density as the response variable, seagrass species (Appendix 
1: Table A1.2) was included as a fixed effect. ME models yield LRR and CI estimates for each 
level of the included fixed factors, however, I was interested in the overall LRR and CI. I 
computed the overall LRR and CI (i.e., the 'adjusted effect'; sensu Viechtbauer, 2020) from ME 
models (1) with all applicable fixed factors included (i.e., full ME models), (2) models that only 
included significant fixed factors (i.e., full or reduced ME models or RE models, if no fixed 
factors were significant) and (3) the most parsimonious models (i.e., ME or RE models) as 
selected by Akaike information criterion with correction for small sample sizes (AICc). A 
comparison of the LRRs and CIs estimated by each of the RE and ME models is included as 
supplementary material (Appendix 1: Fig. A1.1). 
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Table A1.1 Abbreviated reference and full citation for each study included in the meta-analysis. Studies are grouped study type 
categories according to the effect examined (i.e., edge effects, fragmentation effects, and studies which examined both effects). 
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Ecological Progress Series 598:1–7. 
Gross et al. 2019 Gross, C., C. Donoghue, C. Pruitt, A. C. Trimble, and J. L. Ruesink. 2019. Nekton Community Responses to 
Seagrass Differ with Shoreline Slope. Estuaries and Coasts 42:1156–1168. 
Macreadie et al. 2010a MacReadie, P. I., R. M. Connolly, G. P. Jenkins, J. S. Hindell, and M. J. Keough. 2010a. Edge patterns in 
aquatic invertebrates explained by predictive models. Marine and Freshwater Research 61:214–218. 
Mahoney et al. 2018 
Mahoney, R. D., M. D. Kenworthy, J. K. Geyer, K. A. Hovel, and F. J. Fodrie. 2018. Journal of Experimental 
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within temperate seagrass habitat. Journal of Experimental Marine Biology and Ecology 503:52–59.  
Moore & Hovel 2010 
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Effect Reference Full citation 
Edge effect 
Peterson et al. 2001 
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Smith et al. 2008 
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Smith et al. 2011 
Smith, T. M., J. S. Hindell, G. P. Jenkins, R. M. Connolly and M. J. Keough. 2011. Edge effects in patchy 
seagrass landscapes: The role of predation in determining fish distribution. Journal of Experimental Marine 
Biology and Ecology 399:8–16.  
Tanner 2005 Tanner, J. E. 2005. Edge effects on fauna in fragmented seagrass meadows. Austral Ecology 30:210–218. 
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Fragmentation 
effect 
Arponen & Boström 
2012 
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Borg et al. 2010 
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Farina et al. 2016 
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Healey & Hovel 2004 
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Hensgen et al. 2014 
Hensgen, G. M., G. J. Holt, S. A. Holt, J. A. Williams, and G. W. Stunz. 2014. Landscape pattern influences 
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Hovel & Fonseca 2005 
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Irlandi 1994 
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Table A1.1 Continued 
Effect Reference Full citation 
Fragmentation 
effect 
Irlandi et al. 1995 
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Jelbart et al. 2007 
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Hovel & Lipcius 2002 
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Macreadie et al. 2010b 
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Table A1.2 Meta-data of edge and fragmentation effect studies. Patch areas, Edge and Interior definitions are listed for edge studies. 
Landscape areas, Fragmented (Frag) and Continuous (Cont) definitions are for fragmentation studies. Examined responses density (D) 
and survival (S) refer to the Faunal taxa/guild, shoot density (SD) refers to Seagrass species (excluding "Artificial").  























14496 m2,  
60980 m2 
1 m2 over interface >2 m Nekton D 
Gross et al. 2018 
WA, 
USA 




Mahoney et al. 
2018 
NC, USA  Z marina 5600 m
2 <1 m >3 m  
Blue crab, 
Pinfish 
D, S, SD 
Ollivier et al. 2015 
NSW, 
Au. 
P australis 225 m2 0-15 m  45-60 m  Gastropods D 




Artificial 8.5 - 17 m2 <1 m >1 m Bay scallop S 
Carroll et al. 2012 
NY, 
USA 




Smith et al. 2011 VIC, Au. H nigricaulis Variable <1 m patch center Fish D, S 
Macreadie et al. 
2010a 










0.0625 m2  
1 m 5 m Epifauna D, SD 
Vonk et al. 2010 Indonesia 
T hemprichii,  
H uninervis, C 
rotundata 
Undefined 0-5 m 10-15 m  Fish D, SD 
Gorman et al. 2009 NL, Can Z marina <20 m2 0 m  10 m Atlantic cod S 
Smith et al. 2008 VIC, Au. H nigricaulis 2440 - 4084 m2 <1 m patch center Fish D, SD 
Bologna 2006 NJ, USA Z marina "Expansive" <1 m >10 m Benthic fauna D, SD 
Tanner 2005 SA, Au. 
Z muelleri, Z 
macronuta 










Bologna & Heck 
2002 
FL, USA T testudinum 
Extensive 
mosaic 
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 Bell et al. 2001 FL, USA H wrightii 400 m2 <1 m >7 m  Polychaetes D 
Peterson et al. 2001 
ME & 
FL, USA 




Bologna & Heck 
1999 
FL, USA T testudinum 
Extensive 
mosaic 





















6 m2, 12 m2  
<0.5 m OR 12 cm; 
Patchy 











0.5 m OR 1 m; 
Continuous 
Meiofauna D 





<1 m2 to  
>30,000 m2 
<1 m; 
Very small patches 
>4 m; 
Continuous 














Rielly-Carroll &  
Freestone 2017 
NJ, USA 
Z marina, R 
maritima 




Farina et al. 2016 Sardinia P oceanica 1225 m2 Highly fragmented Continuous Sea urchin SD 








Williams et al. 
2016 
TX, USA H wrightii 5000 m2 Highly fragmented No fragmentation Red drum D 
Yeager et al. 2016 NC, USA 




mean P:A = 0.62 
Continuous;  




Hensgen et al. 2014 TX, USA H wrightii 4225 m2 
Small isolated 
patches 
Continuous cover Nekton D 







0.25 m2,  
0.0625 m2 
Fragmented Continuous Epifauna D 




4.5-30 ha,  





Jelbart et al. 2007 
NSW, 
Au. 
Z capricorni 980-6630 m2 P:A, >0.17 P:A, <0.12 Fish D 
Vega Fernandez et 
al. 2005 
Sicily  P oceanica 225 m2 Highly fragmented Continuous Fish D 
Hovel & Fonseca 
2005 
NC, USA 
Z marina, H 
wrightii 
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1 m2 Very patchy Continuous Epifauna D 





<1 m2 to  
>30,000 m2 
Very small patches Continuous Blue crab D, S, SD 
Frost et al. 1999 UK Z marina 






Irlandi et al. 1995 NC, USA 
Z marina, H 
wrightii 
100 m2 Very patchy Continuous Bay scallop S, SD 
Irlandi 1994 NC, USA 
Z marina, H 
wrightii 





















Table A1.3 Effect sizes (LRR) and 95% confidence interval (CI) widths shown in Fig. 1.2, as well as exponentiated (back-
transformed) response ratios (RR), referenced in the results text. k = number of independent comparisons from articles. Bold k are the 
total sample size of unique comparisons which can be summed to 204. Q is a heterogeneity statistic indicating differences in mean 
effect size across experiments. P-values indicate statistical significance (α <0.05) of Q statistics. Effect sizes with non-significant Q 
statistics, due in part to low k, should be interpreted conservatively. *Response variable not shown in Fig. 1.2, due to the lack of a 
paired comparison for Effects. 









Shoot density -0.215 0.255 0.806 13 17.5 0.132 
Faunal density 0.129 0.371 1.138 91 538.21 <0.001 
Fish density 0.391 0.723 1.478 12 23.19 0.017 
Total invertebrate density 0.168 0.378 1.183 76 484.72 <0.001 
Blue crab density -0.195 0.874 0.823 3 2.18 0.336 
Invertebrate density (excl. blue crabs) 0.218 0.398 1.242 73 477.08 <0.001 
Invertebrate prey survival -0.416 1.113 0.659 10 72623.9 <0.001 













t Shoot density -0.141 0.423 0.869 23 71.31 <0.001 
Faunal density 0.047 0.735 1.048 50 415.56 <0.001 
Fish density 0.747 1.067 2.111 11 97.79 <0.001 
Total invertebrate density -0.282 0.787 0.755 37 182.53 <0.001 
Blue crab density -0.929 1.794 0.395 6 23.10 <0.001 
Invertebrate density (excl. blue crabs) 0.055 0.423 1.057 31 119.14 <0.001 
Invertebrate prey survival -0.298 1.654 0.743 10 50.52 <0.001 












Figure A1.1 Mean LRR, 95% CI, and sample sizes (k) for edge and fragmentation effects on biotic response metrics as estimated by 
random effect (RE) models (circles) and for mixed effect (ME) models (diamonds) that include the fixed factors abbreviated (on the 
right side of b-d). Significance from zero (*) and between edge and fragmentation studies for a given response metric (]). (a) RE 
model estimates from Fig. 1.2 are replicated here for comparison to (b) full models that include all applicable fixed factors, such as 
seagrass species (SS), seagrass type (ST; natural or artificial), global region (R; North America, Asia-Pacific, Europe), and taxa/guild 







APPENDIX 2: CHAPTER 2 SUPPLEMENTAL INFORMATION 
 
CHAPTER 2: PREDATION PATTERNS ACROSS LANDSCAPE FRAGMENTATION 
GRADIENTS CAN SHIFT WITH SEASONAL TRANSITIONS 
TABLES 
Table A2.1 Sampling effort during 2017. a) Sampling split over 2 days, pooled into 1 day for 
analysis. b) Storm prevented 1 h status checks at 2 landscapes. c) Only 4 landscapes sampled due 





Table A2.2 Exploration of fragmentation metric ANCOVA results. Bolded P-values are 





Table A2.3 Pairwise Pearson correlation results. Note squidpop correlations only include 2 
cycles coupled with trap deployment. *Tidally detrended. † Outlier >3 SD from the mean 










Table A2.4 Two-way ANCOVA results. Fragmentation state (continuous or fragmented), 
Temperature (water temperature (°C)). † Outlier >3 SD from the mean excluded. Bolded P-











Table A2.5 Two-way ANOVA results. Mean [log (x + 1)] of fauna caught min trawl tow-1. 
Fragmentation state (continuous or fragmented), Month (June, July, August). Bolded P-values 







Figure A2.1 Location of eight discrete seagrass meadow landscapes in Back Sound, NC, four 




Figure A2.2 Water temperature [mean ± SE] over the course of all predation assay dates in 
continuous and fragmented landscapes (n = 8). Water temperatures significantly differed by date 





Figure A2.3 Trawl a) blue crab and b) pinfish catch [mean ± SE] in continuous and fragmented 
landscapes in Back Sound, NC (n = 6) per month. Letters indicate significant differences (P 








APPENDIX 3: CHAPTER 3 SUPPLEMENTAL INFORMATION 
 
CHAPTER 3: HABITAT AREA MORE CONSISTENTLY INFLUENCES SEAGRASS FAUNAL COMMUNITIES THAN 
FRAGMENTATION PER SE 
TABLES 
Table A3.1 Dataset, description, and Cook's distance of outliers removed from the models and corresponding figures/tables listed. 
Note that all Fish CPUE outliers came from the same site and date.  
Dataset  Outlier description 
Cook's 
distance 




Highest overall settlement 
rate (n = 49) in site 60%-
0.225 in July  
>0.5 Settlement rate ~ Percent Cover * Fragmentation Fig. 3.5 
~0.5 
Settlement rate (July) ~ Percent Cover * Fragmentation + 
Canopy height + Epiphyte biomass 
Table 3.4 
Fish CPUE in 
largest patch 
Highest largest patch 
catch (n = 91) in site 
47.5%-0.225 in July 
>0.5 Fish CPUE ~ Percent Cover * Fragmentation Fig. 3.3 
>0.5 
Fish CPUE (July) ~ Percent Cover * Fragmentation + 
Canopy height + Epiphyte biomass 
Table 3.4 
Fish CPUE in 
near patch 
Highest overall near patch 
catch (n = 186) in site 
47.5%-0.225 in July 
~0.5 Fish CPUE ~ Percent Cover * Fragmentation Fig. A3.4a 
Fish CPUE in 
interpatch 
Highest overall interpatch 
catch (n = 735) in site 
47.5%-0.225 in July 




Table A3.2 Paired two sample t-test results for faunal community and fine-scale complexity 
metrics in replicate 60%-0.59 sites 
Faunal sample t DF P 
Faunal CPUE  -1.42 8 0.19 
Fish CPUE -0.46 2 0.69 
Settlement rate  0.36 4 0.74 
Canopy height -15.15 11 <0.001 
Epiphyte biomass 0.87 9 0.41 
 
 
Table A3.3 Negative binomial GLM results for faunal CPUE (no. trap-1) and fish CPUE (no. 
video-1) within the two matrix positions (i.e., near patch, interpatch) of each landscape, predicted 
by landscape percent cover (P), fragmentation per se (F) and their interaction (P x F). Parameter 
estimates and 95% confidence intervals (CI) [lower limit, upper limit] are given on the response 
scale (exponentiated GLM coefficients). 
Response 
variable  Predictor variable DF 
Parameter 
estimate  95% CI  P 
Faunal CPUE 
in near patch 
matrix position 
Intercept   1.70 [0.62, 4.24] 0.28 
Percent cover (P) 1 0.98 [0.96, 1.01] 0.13 
Fragmentation per se (F) 1 0.17 [0.01, 2.12] 0.17 
P × F 1 1.06 [1.00, 1.13] 0.07 




Intercept   0.13 [0.02, 0.56] 0.01 
Percent cover (P) 1 1.04 [1.01, 1.08] 0.01 
Fragmentation per se (F) 1 99.96 [1.33, 9055.29] 0.04 
P × F 1 0.91 [0.82, 1.00] 0.06 
Residual 76       
Fish CPUE in 
near patch 
matrix position 
Intercept   5.89 [1.09, 43.56] 0.06 
Percent cover (P) 1 1.00 [0.96, 1.05] 0.89 
Fragmentation per se (F) 1 9.57 [0.07, 1063.40] 0.34 
P × F 1 0.98 [0.88, 1.10] 0.75 
Residual 46       
Fish CPUE in 
interpatch 
matrix position 
Intercept   7.02 [1.52, 39.52] 0.03 
Percent cover (P) 1 1.01 [0.96, 1.05] 0.83 
Fragmentation per se (F) 1 1.12 [0.01, 203.57] 0.97 
P × F 1 1.01 [0.87, 1.16] 0.93 





Table A3.4 Faunal taxa caught by both SMURFs, as settlers, and minnow traps, as post-settlers. 











Table A3.5 Generalized linear regression results of Shannon-Weiner diversity index for faunal 
communities sampled by minnow traps (summed individuals per species in 'largest patch' and 
'near patch matrix' positions) and by SMURFs (summed individuals per species in the 'largest 






Abudefduf saxatilis 4 1 
Callinectes spp. 22 77 
Halichoeres bivittatus 2 2 
Lagadon rhomboides 2 64 
Lutjanus spp. 11 13 
Opsanus tau 1 16 
Stephanolepis hispidus 21 69 
  
Juvenile/adult faunal 
community in minnow traps   
Settler faunal community                 
in SMURFS 
Predictor  DF 
Parameter 
estimate  SE P   DF 
Parameter 
estimate  SE P 
Intercept   2.03 0.25 <0.001     1.34 0.25 <0.001 
Percent cover (P) 1 -0.01 0.01 0.09   1 0.005 0.01 0.45 
Frag. per se (F) 1 -1.47 0.62 0.03   1 0.66 0.63 0.30 
P × F 1 0.03 0.02 0.05   1 -0.01 0.02 0.36 






Figure A3.1 Map showing the location of 26 artificial seagrass landscapes in Back Sound, NC. 
One landscape design with 60% cover and 0.59 percolation probability was replicated on both 




Figure A3.2 Post-disturbance (Hurricane Florence, 13-16 Sept 2018) landscape percent covers. 





Figure A3.3 Fauna CPUE (no. trap-1) [mean ± SE] by minnow traps in a) the near patch matrix 
position, and b) the interpatch matrix position of each landscape (percent cover × fragmentation), 
percent cover treatment, and fragmentation per se treatment. Note that no interpatch positions are 





Figure A3.4 Fish CPUE (no. video-1) [mean ± SE] by DIDSON videos in a) the near patch 
matrix position, and b) the interpatch matrix position of each landscape (percent cover × 
fragmentation), percent cover treatment, and fragmentation per se treatment. Note that no 
interpatch positions are available for sampling in landscapes with fragmentation treatment = 
0.59. 
